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ABSTRACT  

Anthropogenic nitrogen (N) deposition is one of the most prominent factors driving global change. 

Across the globe, N deposition has driven major changes in terrestrial ecosystems, such as declines 

in plant biodiversity, enhanced exotic plant growth, and changes to biogeochemical processes 

involved in carbon and nutrient cycling. While noteworthy effort has been put forth to investigate 

the effects of N deposition on terrestrial ecosystems, a disproportionate number of N addition 

studies have been conducted in temperate mesic systems. Thus, we lack a holistic and mechanistic 

understanding of how N deposition impact aridland ecosystems. Additionally, our predictions of 

the effects of anthropogenic N deposition in more remote aridlands receiving elevated but low N 

deposition are constrained due to the relatively high abundance of aridland N addition studies 

adding N at high rates. To improve our understanding and predictive ability of the effects of N 

deposition in aridlands, here I 1. review the literature examining the effects of N inputs on aridlands 

from microbial to ecosystem scales (Chapter 2), 2. examine how multiple resources may limit soil 

microbial processes in a semi-arid northern Chihuauhan Desert grassland ecosystem (Chapter 3), 

3. assess the effects of simulated N deposition on plant communities, ecosystem properties, and 

biogeochemical processes in three semi-arid northern Chihuauhan Desert grassland sites (Chapter 

4), and lastly, 4. investigate how invasive exotic grass (Eragrostis lehmanniana) management (i.e., 

removal) and N inputs may interact to affect ecosystem structure and function, as well as exotic 

grass management in a semi-arid northern Chihuahuan Desert grassland dominated by E. 

lehmanniana (Chapter 5). Overall, this dissertation adds to the growing evidence revealing the 

complex nature of N deposition effects in aridland ecosystems, including context dependencies 

linked to water availability, multiple resource limitations, and experimental N dose.  
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CHAPTER 1: THE ECOLOGICAL EFFECTS OF NITROGEN DEPOSITION IN 
TERRESTRIAL ECOSYSTEMS  

BACKGROUND OF NITROGEN IN NATURE AND HUMAN INFLUENCE 

Nitrogen (N) is a critical element of life, forming biological components such as nucleic acids and 

proteins. On Earth, N, in the form of dinitrogen gas (N2), constitutes ~78% of Earth’s atmosphere 

(by volume). However, despite its high abundance, N in N2 is bonded by a triple covalent bond, 

making it highly stable and unavailable to ~99% of organisms (Galloway et al., 2003). In nature, 

N2 can be transformed into reactive forms (i.e., biologically available N) of N via biotic or abiotic 

N fixation. However, biological N fixation, which is almost entirely mediated by bacteria and 

archaea known as diazotrophs, is rare and requires significant energy, specialized enzymes, and 

specific environmental conditions, such as low oxygen levels. Abiotic fixation via lightning also 

occurs; however, its importance to N fixation globally is low relative to biological N fixation 

(Chapin et al., 2002).  

 

In the second half of the 20th century, human activities, most notably oil and gas and 

industrialized agricultural operations, have dramatically increased the amount of reactive N 

(Galloway et al., 2008). Oil and gas activities primarily produce inorganic oxidized forms of N, 

such as nitrogen oxides (NOx), which include nitric oxide (NO) and nitrogen dioxide (NO2). 

Agricultural activities, most notably the use of synthetic N fertilizers produced via the Haber Bosch 

process, produce reduced forms of N, such as ammonia (NH3) and ammonium (NH4+). 

Anthropogenic reactive N production can result in the direct deposition of biologically available 

N to surrounding terrestrial or aquatic ecosystems via wet (e.g., rain, snow, and fog), dry (e.g., 

dust), or gaseous deposition. N deposition can result in a myriad of ecological consequences with 
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cascading effects to higher trophic levels (Throop and Lerdau, 2004; Meunier et al., 2016; Stevens 

et al., 2018). 

NITROGEN DEPOSITION EFFECTS ON TERRESTRIAL ECOSYSTEMS  

Plant Communities  

N is a key limiting resource to plant primary production in many terrestrial ecosystems (LeBauer 

and Treseder, 2008; Song et al., 2019). However, anthropogenic N deposition is a major threat to 

biodiversity worldwide (Phoenix et al., 2006). Across the globe, N enrichment has been shown to 

drive dramatic changes to plant communities, such as declines in plant biodiversity (Simkin et al., 

2016; Payne et al., 2017; Borer and Stevens, 2022), reduced abundance of N-sensitive plants, such 

as legumes and non-vascular plants (Clark et al., 2019; Midolo et al., 2019; Borer and Stevens, 

2022), and enhanced growth of exotic species (Jia et al., 2016; Guo et al., 2023).  

 

N-induced changes to plant communities can be attributed to several factors. For instance, 

N enrichment can drive changes in competitive interactions between plants, which may favor 

nitrophilic plant species (Grime, 1973; Tilman, 1987). N-induced soil acidification (i.e., the 

decline in soil pH) can also result in base cation depletion, e.g., Ca2+, Mg2+, K+, and Na+, and 

increased solubility of toxic soil metal ions, e.g., Al3+, Fe3+, and Mn2+ (Vitousk et al., 1997; 

Horswill et al., 2008; Tian and Niu, 2015). Though, N enrichment effects on plants can often vary 

widely due to differences in climate, plant functional types, soil characteristics, and study design, 

most notably N dose and duration (Midolo et al., 2019; Song et al., 2019). 
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Soil Microbial Community Structure and Function  

Soil microorganisms play a critical role in ecosystem functioning, such as by mediating processes 

involved in C and nutrient cycling and forming mutualistic relationships that support plant growth. 

In a wide variety of ecosystems, N inputs often lead to changes in soil microbial community 

structure, such as declines in fungal-to-bacterial ratios (Zhou et al., 2017) and shifts from 

oligotrophic to copiotrophic groups (Ramirez et al., 2012). Common changes to microbial function 

are also observed as declines in soil microbial biomass and respiration (Liu and Greaver, 2010; 

Ramirez et al., 2010; Ramirez et al., 2012) and changes to extracellular enzyme activities, 

particularly enzymes involved in N and phosphorus (P) cycling, and those which degrade complex 

C compounds (Waldrop and Zak, 2006; Ramirez et al., 2012).  

 

There are several direct and indirect ways in which N enrichment can drive changes to soil 

microbial community structure and function. For instance, N inputs may accentuate or alleviate 

soil microbial C limitation by reducing plant investment in belowground structures (Treseder, 

2008) or enhancing aboveground productivity and plant litter inputs (Treseder, 2008; Liu and 

Greaver, 2010). Like plants, soil N-induced acidification can also constrain soil microbial growth 

due to base cation limitation and increased mobilization of toxic soil metals (Treseder, 2008). 

However, soil microbial response to N inputs can also vary due to differences across biomes with 

different climate and soil characteristics, as well as differences in experimental approaches, 

including N dose and duration (Yue et al., 2016; Zhou et al., 2017; Jia et al., 2020).  
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DISSERTATION: NITROGEN DEPOSITION EFFECTS ON ARIDLAND ECOSYSTEMS 

Aridlands (arid and semi-arid ecosystems) are regions with an aridity index (i.e., the ratio of total 

annual precipitation to potential evapotranspiration; Sellers, 1964), which ranges from 0.03- 0.20 

mm mm−1 for arid zones and 0.20-0.50 mm mm−1 for semi-arid zones (Steven, 2017). Aridlands 

cover 1/3rd of Earth’s terrestrial surface (Plaza et al., 2018) and play a dominant role in the 

interannual variability of the global C-cycle (Poulter et al., 2014; Ahlström et al., 2015). While 

noteworthy effort has been put forth to investigate the possible effects of N deposition on terrestrial 

ecosystem structure and function, a disproportionate amount of N addition studies have been 

conducted in temperate mesic systems (Song et al., 2019). This focus on temperate mesic systems 

has left us with a relatively incomplete understanding of how N enrichment can affect water-

limited ecosystems, such as arid and semi-arid ecosystems. 

 

Aridland responses to N enrichment are likely to differ from their more extensively studied 

mesic counterparts. For instance, because water is the primary driver of biological activities in 

aridlands (Noy-Meir, 1973; Reynolds et al., 2004; Collins et al., 2014), N enrichment effects are 

likely to be more strongly associated with water availability in aridlands than in more mesic 

systems. Plant cover is also often discontinuous in aridlands; thus, N-induced changes to plant 

communities, such as increased competition for nutrients, space, and light (Borer et al., 2014; 

Cleland et al., 2019), may be less important in these ecosystems. Aridland soils also have markedly 

higher pH, lower cation exchange capacity, and lower soil organic C, total N, and organic P 

concentrations relative to more humid regions (Plaza et al., 2018). Therefore, beyond N, multiple 

biogenic resources, such as C and phosphorous (P), may be limiting for organisms in aridlands.  
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Beyond the differences between aridlands and more mesic ecosystems, predictions of the 

effects of anthropogenic N deposition on aridlands are constrained due to the relatively high 

abundance of aridland N addition studies that apply N at high rates. At the global scale, N addition 

doses play an important role in the magnitude and direction of response to N inputs, with stronger 

effects observed with increasing N doses (Zhou et al., 2017; Midolo et al., 2019). In aridlands, 

stronger responses to N inputs are often observed at high N addition rates (e.g., >50 kg N ha-1 yr-1 

in Li et al., 2010; Zhang et al., 2013; Wang et al., 2020). In contrast, some aridland N addition 

applying N at relatively low N addition rates, such as those conducted on the Colorado Plateau, 

demonstrate few effects on plants and soil microbial community and function (e.g., 2, 5, and 8 kg 

N ha-1 yr-1; McHugh et al., 2017; Philips et al., 2021; Osborne et al., 2022a). The Colorado Plateau 

and other more remote aridland regions are experiencing elevated but much lower levels of N 

deposition (e.g., 3 and 5 kg N ha-1 yr-1 in the Colorado Plateau; Philips et al., 2021), other aridland 

regions adjacent to large urban centers, e.g., Southern California (20- 45 kg N ha-1 yr-1; Fenn et 

al., 2003). Aridlands are expected to be sensitive to even low levels of N deposition (Pardo et al., 

2011; Sinsabaugh et al., 2015). Thus, increasing our knowledge of the effects of N deposition at 

low levels may be particularly relevant for remote aridland regions experiencing elevated but 

relatively lower anthropogenic N inputs.  

 

DISSERTATION SUMMARIES 

This dissertation aims to strengthen our understanding of the effects of N deposition in aridlands. 

This central objective is addressed across four chapters. The first chapter is a review of 

experimental N addition effects from microbial to ecosystem scales in aridlands. Chapters three to 
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five contain new data from an N simulation experiment performed in grassland sites within 

Carlsbad Caverns National Park (CAVE) in southeast New Mexico, USA.  

 

CAVE is in the northern Chihuauhan Desert (Fig. 1.1) and is classified as semi-arid. The 

mean annual temperature (MAT) at CAVE is 16.8 ⁰C, with mean annual precipitation (MAP) of 

378.7 mm, most of which occurs (~70% of MAP) during the summer monsoon season (normally 

from July to September). Similar to other regions throughout the western U.S. (Fenn et al., 2003; 

Dix et al., 2020), CAVE has been experiencing elevated levels of N deposition (modeled total N 

deposition ranging from 3.5 to 4.5 kg N ha-1 yr-1; Fig. 1.2), associated with oil and gas operations 

immediately adjacent to the park (Sullivan et al., 2016). CAVE is also experiencing invasion by 

exotic C4 South African grass Eragrostis lehmanniana, which since its introduction in the 1930s, 

has spread across 1,470,000 acres of southwestern rangelands (Gori and Enquist, 2003). In 2018, 

we established three experimental sites in three CAVE grassland sites located within the lower 

modeled range of N deposition (Fig. 1.2). One of the three sites was also dominated by exotic grass 

E. lehmanniana. 
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Fig. 1.1. Study location. Carlsbad Caverns National Park, Carlsbad, New Mexico, USA, Northern Chihuahuan 
Desert. 
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Fig. 1.2. Modeled nitrogen (N) deposition occurring at Carlsbad Caverns National Park, N.M. USA. National 
Atmospheric Deposition Program Total Deposition (NADP) Total deposition (TDep) estimates derived from 
summing wet and dry deposition. Figure courtesy of Michael D. Bell National Park Service Air Resources 
Division.  

 

Chapter 2 is a review of N addition effects on aridland (arid and semi-arid) ecosystems that 

discusses aridland N addition studies from microbial to ecosystem scales. Our goal with this 

review is to 1. provide general and contrasting responses to N additions in aridlands, 2. identify 

important mediating factors related to N inputs that may be driving change, and 3. discuss key 

limitations, knowledge gaps, and future research recommendations.  

Chapter 3 is a factorial C, N, and P laboratory incubation experiment that tests if Chihuahuan 

Desert soil microbial biomass and function are individually or interactively limited by C, N, and 

P when given sufficient water.  

Chapter 4 is a four-year N fertilization and water addition experiment conducted in three 

Chihuahuan Desert grassland sites modeled to be experiencing N deposition (~4 kg N ha-1year-1). 

We were interested in determining: 1. if low but realistic N inputs (i.e., based on modeled N 

deposition; 0, 2, and 4 kg N ha-1 year-1) impact aridland plant communities, soil ecosystem 

properties, and biogeochemical dynamics, and 2. if effects of N depend on periods of above-

average water availability. 

Chapter 5 is a four-year exotic grass (E. lehmanniana) removal, recovery, and N addition field 

study in a Chihuauhan Desert grassland dominated by E. lehmanniana. We were interested in 

determining: 1. How the presence and removal of E. lehmanniana impact plant community 

structure, soil ecosystem properties, and biogeochemical processes, and if effects persist when 
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removals cease. 2. If N deposition intensifies the effects of E. lehmanniana and impedes E. 

lehmanniana removal efforts.  

Chapter 6 provides a summary of our findings, conclusions, and future research directions for 

aridland N deposition research.  
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CHAPTER 2: NITROGEN ADDITION EFFECTS IN ARIDLAND ECOSYSTEMS: A 
REVIEW FROM MICROBIAL TO ECOSYSTEM SCALES 

 
ABSTRACT 

Anthropogenic nitrogen (N) deposition is a major driver of global change. However, aridlands 

(arid and semi-arid ecosystems) are among the least represented ecosystems in global change 

assessments, where responses can often vary due to climate and biome type differences. Changes 

to aridland ecosystem structure and function have important implications on biological and 

cultural diversity and global carbon and N biogeochemical cycling. Here, we provide an 

overview of microbial to ecosystem-scale responses to experimental N amendments in aridland 

ecosystems. Our main goals are to 1. describe general and contrasting microbial to ecosystem-

scale responses to N inputs in experimental aridland N addition studies, 2. identify important 

mediating factors linked to change with experimental N inputs, and 3. discuss fundamental 

limitations, knowledge gaps, and future research recommendations.  
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INTRODUCTION 

Anthropogenic nitrogen (N) deposition is a major driver of global change (Phoenix et al., 2006; 

Bobbink et al., 2010; Stevens et al., 2018) and has been subject to numerous experiments and 

global meta-analyses (e.g., LeBauer and Treseder, 2008; Teseder, 2008; Song et al., 2019).  At 

the global scale, N inputs can impact various ecosystem processes, e.g., by enhancing plant 

primary productivity (Song et al., 2019), reducing plant biodiversity (Payne et al., 2017), and 

altering soil microbial structure and function (Ramirez et al., 2012; Zhang et al., 2018; Wang et 

al., 2023). Experimental N dose and study duration are also important factors driving ecosystem 

response to experimental N inputs, with sensitivity often increasing with increasing experimental 

N dose and study duration (e.g., Midolo et al., 2019; Zhang et al., 2018; Song et al., 2019). 

However,  responses to N inputs can often vary due to differences in biome type, climate, and 

edaphic properties (e.g., Midolo et al., 2019; Zhou et al., 2017; Borer and Stevens, 2022).  

Consequently, our predictions of the effects of N deposition in aridlands (arid and semi-arid 

ecosystems) are challenged, as aridlands are among the least represented ecosystems in global 

change assessments (Song et al., 2019; Xu et al., 2021). Aridland responses to N amendments 

have also often been shown to differ from responses observed in more mesic systems (e.g., 

LeBauer and Treseder, 2008; Zhou et al., 2017). Aridlands cover 1/3rd of Earth’s terrestrial 

surface (Plaza et al., 2018), and changes to their structure and function have far-reaching 

consequences on biological and cultural diversity (Zhang et al., 2023a), and global carbon (C) 

and N cycling (Poulter et al., 2014; Ahlström et al., 2015; Eberwein et al., 2020). 
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Unlike in more mesic systems, water is the primary factor governing biological activities 

in aridlands, with rainfall and linked activities and resources commonly described as episodic in 

nature (Noy-Meir, 1973; Reynolds et al., 2004; Collins et al., 2008). The often limiting and 

variable dynamics of water in aridlands thus create conditions that may result in vastly different 

responses to N inputs than their more studied mesic counterparts. For instance, N-induced soil 

acidification is often cited as an important driver of change across ecosystems globally (Simkin et 

al., 2016; Song et al., 2019; Wang et al., 2023). However, in aridlands, soils are often high in pH 

due to the slow leaching of soluble salts (Plaza et al., 2018). Thus, N addition effects driven by 

soil acidification may be less important in aridlands than in more mesic systems. Additionally, 

unlike more mesic systems, low and highly variable water availability has resulted in soils that 

contain low concentrations of soil organic C, total N, and organic Phosphorus (P) (Plaza et al., 

2018). Consequently, other critical biogenic resources, such as C and P,  may be limiting in 

aridlands beyond N and water.   

 Global assessments provide critical insight into the effects of N deposition on ecosystem 

processes. However, aridlands possess unique environmental characteristics and conditions 

which may complicate predictions relative to more mesic systems. Additionally, while our 

understanding of the impacts of N inputs on aridland ecosystems is improving (see meta-

analyses by Hooper et al., 1999; Yahdjian et al., 2011; Sinsabaugh et al., 2015), we still lack a 

holistic (e.g., below to aboveground effects) and mechanistic understanding of the potential 

impacts of N deposition in aridlands. Here we provide an overview of microbial to ecosystem-

scale responses to experimental N amendments in aridland ecosystems. It is important to note 

that we did not intend to provide an exhaustive literature review. Therefore, we encourage 
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readers to review meta-analyses of N addition effects on aboveground primary production across 

drylands (arid to subhumid regions) by Hooper and Johnson (1999) and Yahdjian et al. (2011), N 

addition effects on aridland soil microbial communities and function by Sinsabaugh et al. (2015), 

and a review of N addition effects in Mediterranean ecosystems by Ochoa-Hueso et al. (2011).  

Our main goals are to:  

1. Describe general and contrasting microbial to ecosystem-scale responses to N 

additions in experimental aridland N addition studies  

2. Identify important mediating factors linked to change with experimental N inputs.  

3. Discuss fundamental limitations, knowledge gaps, and future research 

recommendations.  

COMMUNITIES: SOIL MICROBES 

Soil microbes mediate processes that can drive ecosystem-scale responses to N inputs, such as C 

and nutrient cycling (Litchman et al., 2015; Zhang et al., 2018). N inputs can have a myriad of 

effects on soil microbial communities. For instance, across various ecosystems globally, N 

enrichment has shown to alter microbial community composition by reducing fungi-to-bacteria 

ratios (Zhou et al., 2017), reducing soil bacterial diversity (Wang et al., 2023), increasing the 

abundance of copiotrophic groups while decreasing oligotrophic groups (Ramirez et al., 2012), 

as well as enhancing (Zhou et al., 2017) but more commonly, inhibiting soil microbial biomass 

(Treseder, 2008; Ramirez et al., 2012). Microbial community and biomass changes can be 

attributed to several processes, such as shifts in competitive interactions between oligotrophic 
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and copiotrophic groups (Ramirez et al., 2012), the direct or indirect alleviation of N or C 

limitation (Zhou et al., 2017), as well as negative effects associated with N-induced soil 

acidification (Treseder, 2008; Wang et al., 2023). However, soil microbial response to N 

amendments can vary due to differences in biome type and N fertilization rates (Zhou et al., 

2017). 

Overall, aridland N addition studies demonstrate similar changes to soil microbial 

community structure and biomass as in other global assessments (e.g., global assessments by 

Treseder, 2008, Ramirez et al., 2012, and Zhou et al., 2017). For instance, many aridland N 

addition studies report declines in fungal-to-bacterial ratios (e.g., Bi et al., 2012; Wei et al., 2013; 

Chen et al., 2015; Yang et al., 2017; Wang et al., 2020), declines in bacterial richness and 

diversity (e.g., Muller et al., 2015; Eberwein et al., 2020), enhanced relative abundance of 

copiotrophic groups and reduced abundance of oligotrophic groups (Ling et al., 2017), and soil 

microbial biomass declines (e.g., Zhu et al., 2016; Wang et al., 2020; Cui et al., 2021; Püspök et 

al., 2023). However, aridland N addition studies also report contrasting soil microbial responses 

to N inputs. For example, while soil fungi may be more sensitive to N enrichment than bacteria 

(i.e., by declining fungal/ bacterial ratios), in some aridlands studies, fungi appear insensitive to 

N amendments (e.g., Porras-Alfaro et al., 2011; Muller et al., 2015; Su et al., 2016). N inputs 

also do not always alter soil community structure or decrease soil microbial biomass in aridlands. 

For example, some aridland N addition studies show a lack of effect on soil microbial 

community structure (Sinsabaugh et al., 2015; Su et al., 2016; McHugh et al., 2017) and have 

shown to either increase (e.g., Zhang et al., 2014; Zhu et al., 2016 at lower N level only) or have 

no effect on soil microbial biomass (e.g., Zeglin et al., 2007; Osborne et al., 2022a).  
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Divergent microbial responses (e.g., positive vs. negative, weak or no effects vs. strong 

effects) to N amendments in aridlands may be primarily linked to N dose. For instance, in a 

meta-analysis of aridland N addition studies (N=14), N doses <70 kg ha-1 yr-1 and N loads <120 

kg ha-1 exerted a positive effect on microbial biomass and metabolic rates, respectively, while 

greater N doses and loads negatively affected microbial biomass and metabolism (Sinsabaugh et 

al., 2015). Here, positive effects on soil may be linked to the release of N limitation (global 

meta-analysis by Chen et al., 2015; Zhou et al., 2017), while negative effects may be associated 

with the extent to which N inputs acidify soils (global meta-analysis by Wang et al., 2023). At 

the global scale, soil acidification intensifies as N doses increase (Song et al., 2019; Tian and 

Niu, 2015). Aridland soils are expected to be well-buffered against N-induced soil acidification 

due to their high pH (Bobbink et al., 2010). However, dryland soils also have markedly low 

cation exchange capacities (Plaza et al., 2018), which has been suggested to play a greater role in 

the ability to buffer N-induced soil acidification (global meta-analysis by Midolo et al., 2019). 

Here, we found that many aridland N addition studies reporting changes to soil microbial 

communities and biomass also report significant declines in soil pH (e.g., Li et al., 2010; Bi et 

al., 2012; Wei et al., 2013; Zhang et al., 2013; Wang et al., 2020). In contrast, studies reporting 

weak or non-significant effects of N on soil microbes also reported a lack of change to soil pH, 

usually at lower N doses (e.g., 2, 5, and 8 kg-1 N ha-1 yr-1 in McHugh et al., 2017 and Osborne et 

al., 2022a).  

Beyond N, other factors that may explain conflicting responses between aridland N 

addition studies may be associated with limitations by other resources. For instance, growing 

evidence suggests that resources other than or in addition to N may limit soil microbial function 

in these ecosystems such as water and C (e.g., Schaeffer et al., 2003; Schaeffer and Evans, 2005; 
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Choi et al., 2022), and P (Cui et al., 2018). On the Colorado Plateau, while field N amendment 

studies demonstrated a lack of overall change to soil microbial community structure and function 

with N inputs (McHugh et al., 2017; Osborne et al., 2022a),  a laboratory incubation experiment 

factorially adding C, N, and water to soils collected from the same study ecosystem in McHugh et 

al. (2017) and Osborne et al. (2022a) reported a greater net increase of microbial biomass with C 

and N added together, and evidence of serial limitation on soil C-cycling by water and C (Choi et 

al., 2022). Thus, multiple limiting resources (beyond N) may dictate how some aridland 

ecosystems respond to N inputs.  

 

COMMUNITIES: BIOLOGICAL SOIL CRUST 

Biocrust are soil surface-dwelling communities comprised of photosynthetic and heterotrophic 

organisms such as cyanobacteria, lichen, and mosses (Weber et al., 2022). Biocrusts occur in all 

drylands globally and play a significant role in ecosystem functioning, including C and N cycling 

(Darrouzet-Nardi et al., 2015; Barger et al., 2016; Weber et al., 2022). In aridland N addition 

studies, N inputs have been shown to alter biocrust composition (Wang et al., 2015; Rong et al., 

2022) and reduce cover (Ochoa-Hueso et al., 2016; Benvenutto-Vargas and Ochoa-Hueso, 2020; 

Philips et al., 2021; She et al., 2022). However, biocrust response to N inputs can be highly 

variable due to differences in soil properties (particularly soil pH and soil organic C) (e.g., Wang 

et al., 2015; Ochoa-Hueso et al., 2016; Rong et al., 2022) successional stage and species (Ochoa-

Hueso et al., 2016; Zhou et al., 2016; Baldarelli et al., 2021), aboveground plant cover (Ochoa-

Hueso et al., 2016; Baldarelli et al., 2021; She et al., 2022), and interannual variation in 

precipitation (Ochoa-Hueso et al., 2016; Philips et al., 2021).  
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Additionally, while biocrust have been demonstrated to be sensitive to even low N inputs 

(e.g., Sinsabaugh et al., 2015; Philips et al., 2021), conflicting evidence from gradient N addition 

studies also suggest that biocrust may be relatively less sensitive to lower N inputs in some 

aridland ecosystems (e.g., Zhou et al., 2016; Benvenutto-Vargas and Ochoa-Hueso, 2020; Rong 

et al., 2022). The duration of the study may also influence biocrust response to N inputs. For 

instance, in a semi-arid Mediterranean ecosystem, two years of N inputs applied at a rate of 0, 

10, 20, and 50 kg N ha−1 yr−1 resulted in no changes to foliose lichen Cladonia foliacea cover 

(Ochoa-Hueso and Manrique, 2011). Yet, after 10 years, C. foliacea cover markedly declined 

under the study’s highest N addition treatment (50 kg N ha−1 yr−1; Benvenutto-Vargas and 

Ochoa- Hueso, 2019), thus, highlighting the importance of long-term studies. Despite context 

dependencies, biocrust sensitivity to N inputs has important implications for an array of 

ecosystem functions, e.g., soil stability (Chaudhary et al., 2009) and soil C and nutrient 

availability (Ferrenberg et al., 2017; Young et al., 2022).  

COMMUNITIES: PLANTS 

In a wide variety of ecosystems, N inputs often drive changes in plant communities by reducing 

biodiversity (Bobbink et al., 2010; Payne et al., 2017; Borer and Stevens, 2022), species richness 

(Simkin et al., 2016; Clark et al., 2019; Stevens et al., 2022), and the abundance of N sensitive 

plant species, e.g., legumes and non-vascular plants (Midolo et al., 2019; Borer and Stevens, 

2022). N enrichment generally alters plant communities by stimulating the growth of nitrophilic 

species, which can intensify the competitive interactions between plants for space, nutrients, and 

light (Borer and Stevens, 2022). N-induced soil acidification can also drive plant community 

changes by depleting base cations such as Ca2+, Mg2+, K+, and Na+ and enhancing the solubility 



 

18 

of toxic metals such as Al3+, Fe3+, and Mn2+ (Vitousk et al., 1997; Horswill et al., 2008; Tian and 

Niu, 2015). Although, the effects of N enrichment can often vary widely due to differences in 

climate, disturbance, and plant community composition (Midolo et al., 2019; Borer and Stevens, 

2022).  

In aridlands, experimental N inputs also often lead to declines in diversity (Mun and 

Whitford, 1989; Brooks, 2003; Nui et al., 2018; Wheeler et al., 2021) and species richness 

(Carpenter et al., 1991; Brooks, 2003; Allen et al., 2009; Zeng et al., 2010). Plant community 

changes with N inputs in these ecosystems are often linked to declines in perennial forbs 

(Carpenter et al., 1990) and legumes (Brooks, 2003; Baez et al., 2007; Zeng et al., 2010), enhanced 

foliar N concentrations (e.g., Schwinning et al., 2005; Hall et al., 2011; Reichmann et al., 2013; 

Yahdjian et al., 2014) as well as increases in the abundance of grasses, annual species (Mun and 

Whitford, 1989; Zeng et al., 2010; Nui et al., 2018; Wheeler et al., 2021), and nonnative species 

(Brooks, 2003; Schwinning et al., 2005; Allen et al., 2009; Rao and Allen, 2010; Vourlitis, 2017). 

Unsurprisingly, however, the effects of N on aridland plant communities regularly depend on water 

availability. For instance, in some experiments, aridland plant community responses have been 

only evident following periods of above-average precipitation (e.g., Brooks, 2003; Ludwig et al., 

1989; Ladwig et al., 2012; Whitford and Steinberger, 2011; Wheeler et al., 2021) or following 

prolonged drought which increased the dieback of dominant species (e.g., native shrubs in 

Vourlitis, 2017).  

 

Beyond water availability, the effects of N on plant communities may vary due to 

differences in experimental N dose. For instance, N addition effects on aridland plant communities 

are most evident under relatively high N fertilization doses (most studies apply N at a dose of >50 
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kg N ha-1 yr-1). Plant communities change to simulated low but realistic rates of N deposition were 

not evident in either aridlands with either low background N deposition, such as the Colorado 

Plateau (N deposition ~3 kg N ha-1 yr-1; Philips et al., 2021) or relatively high deposition regions 

such as Southern California (Allen et al., 2009) which can receive N deposition ranging from 20- 

45 kg N ha-1 yr-1 (Fenn et al., 2003). However, in a later study using the same experimental 

platform in Allen et al. (2009), effects on plant communities emerged with low N doses (5 kg N 

ha-1 yr-1) with effects linked to a record wet year (Fenn et al., 2010). Thus, in addition to 

experimental N dose, it may also be essential to consider co-occurring background N deposition 

and water availability (e.g., above to below-average rainfall).  

 

ECOSYSTEM PROCESSES: NET PRIMARY PRODUCTION  

N inputs generally stimulate above-ground plant productivity (ANPP) across ecosystems globally 

(e.g., LeBauer and Treseder, 2008; Song et al., 2019; Feng et al., 2023). However, global analyses 

assessing the effects of N inputs on plant C sequestration focus on highly productive mesic 

ecosystems (Song et al., 2019). For instance, Elser et al. (2007) stated that N limitation in 

freshwater, marine, and terrestrial ecosystems is widely distributed. However, this analysis only 

included three sites below 650 mm mean annual precipitation, with no arid or desert ecosystems. 

In global meta-analysis by LeBauer and Treseder (2008) suggested primary production in desert 

ecosystems is insensitive to N relative to more mesic systems, but this analysis also included only 

three desert biome studies. 

 

In dryland,specific (arid to sub-humid ecosystems) meta-analyses, aboveground net 

primary production (ANPP) has been suggested to be co-limited by water and N (Hooper and 
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Johnson, 1999) or increasingly sensitive to N across a precipitation gradient (Yahdjian et al., 

2011). Later aridland N addition studies (not included in Hooper and Johnson, 1999 and Yahdjian 

et al., 2011) also suggest aridland plants are N limited with effects often depending on water 

availability (e.g., low vs. high water availability in Hall et al., 2011; Whitford and Steinberger, 

2011; Ladwig et al., 2012; Nui et al., 2018; Ma et al., 2020). Climate differences (linked to 

differences in rainfall) have also been shown to result in contrasting responses to N. For instance, 

N has been shown to promote ANPP of the dominant perennial shrub Larrea tridentata in the 

Chihuahuan Desert (e.g., Ettershank et al., 1978; Lightfoot and Whitford, 1987; Fisher et al., 1988; 

Lajtha and Whitford, 1989) while exerting no significant effect on L. tridentata the Mojave and 

Sonoran Deserts, both of which receive less average summer rain than the Chihuahuan Desert 

(e.g., Romney et al., 1978; Sharifi et al., 1988; Barker et al., 2006; Hall et al., 2011). Beyond water, 

the effects of N inputs on aridland ANPP can also differ due to differences in plant functional types 

(e.g., shrubs vs. forbs in Hall et al., 2011; shrubs vs. grasses in Yahdjian et al., 2014; forbs vs. 

grasses in Niu et al., 2018), patch type (interspace vs. under shrub canopy in Hall et al., 2011), soil 

type (greater sensitivity of winter annuals growing in sandy Entisol vs. alluvium Aridisol soil in 

William and Bell, 1981), and N dose (e.g., greater sensitivity at higher N doses in Nui et al., 2018). 

 

While ANPP is a commonly used metric to assess ecosystem response to global change 

factors such as N deposition (Song et al., 2019), below-ground net primary production (BNPP) 

represents a major component of NPP in stressful arid conditions where plant productivity tends 

to be allocated to roots for water and nutrient extraction (Sun et al., 2021). Under N enrichment, 

the optimal allocation theory would suggest that below-ground plant allocation should decline 

when belowground resources increase and plants become more limited by aboveground resources 
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(e.g., light) (Gleeson and Tilman, 1992). Accordingly, root-to-shoot ratios generally decline across 

ecosystems with N amendments (Cleland et al., 2019; Song et al., 2019; Feng et al., 2023). 

However, while BNPP represents an important part of NPP in aridlands, BNPP has been suggested 

to be insensitive to N additions in aridlands (Cleland et al., 2019; Song et al., 2019). Though, as 

greater proportions of roots are found at deeper depths in aridlands, with 50- 95% deeper rooting 

depths than more humid ecosystems (Schenek and Jackson, 2002), it is possible that BNPP in 

aridlands is under-sampled (Cleland et al., 2019).  

 

While data are limited relative to ANPP, aridland N addition studies show N inputs can 

have negative (Zeng et al., 2010), positive (Luo et al., 2017), no effect (e.g., Fisher et al., 1988; 

Ladwig et al., 2012), and even differential effects on BNPP, which result in both positive and 

negative effects across years (e.g., in Vourlitis, et al., 2021a). BNPP dynamics in aridlands are 

strongly linked with water availability (Bryne et al., 2013). Thus, conflicting BNPP response to N 

may be linked to the highly variable nature of water availability in aridlands. However, the scarcity 

of BNPP measurements in aridlands also further limits inferences of BNPP response to N in these 

ecosystems.  

 

ECOSYSTEM PROCESSES: SOIL CARBON DYNAMICS  

Understanding how N deposition impacts soil C pools is critical in developing accurate model 

predictions of C dynamics and feedbacks (Reay et al., 2008). Soil C dynamics can be influenced 

by various factors, such as plant growth and litter inputs, litter quality, soil C losses via soil 

respiration, and the export of dissolved organic C. N inputs can influence soil C in multiple ways. 

For instance, N inputs may enhance aboveground plant litter inputs and labile soil C inputs (Liu 
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and Greaver, 2010), which can lead to greater soil C losses via heterotrophic respiration during 

decomposition. In contrast, N enrichment also often inhibits soil microbial biomass and 

heterotrophic respiration (LeBauer and Treseder, 2008; Ramirez et al., 2012; Xu et al., 2021), 

which may lead to greater soil C sequestration. The effects of N enrichment on soil C can vary due 

to climates, ecosystem types, as well as experimental duration (Liu and Greaver, 2010; Zhou et 

al., 2014; Yue et al., 2016). Additionally, while dryland soils collectively store an estimated 44% 

of global organic matter C pool in surface soils (top 30 cm) (Plaza et al., 2018; Hanan et al., 2021), 

dryland soil C response to N inputs is relatively underrepresented in global assessments (Xu et al., 

2021) 

 Although some evidence suggests N deposition can reduce soil organic C (SOC) content 

in aridlands (extant N deposition gradient study Ochoa-Hueso et al., 2013), overall, experimental 

aridland N addition studies suggest SOC is insensitive to N inputs (e.g., Zeglin et al., 2007; Li et 

al., 2010; Hall et al., 2011; Wang et al., 2014; Sinsabaugh et al., 2014; Osborne et al., 2022a). 

Additionally, while soil microbial community composition and activities strongly influence soil C 

dynamics (Schimel et al., 2012), aridland N addition studies show no significant effects on soil C 

pools even with changes to soil microbial community structure (e.g., Ling et al., 2017), microbial 

biomass declines (e.g., Li et al., 2010; Bi et al., 2012; Wang et al., 2014; Su et al., 2016), declines 

in C acquisition enzyme activities (e.g., Sinsabaugh et al., 2015; Wang et al., 2020; Vourlitis et 

al., 2021b), or changes to microbial C utilization potentials (e.g., Bi et al., 2012; Sinsabaugh et al., 

2015). Respiration in aridlands has also shown to be insensitive to N inputs (e.g., Schaeffer et al., 

2003; Schaeffer and Evans, 2005; Li et al., 2010; Su et al., 2016; Choi et al., 2022).  
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At the global scale, the effect of N deposition on C storage is widely debated, with studies 

suggesting N deposition decreases, enhances, or does not impact C storage (Ramirez et al., 2012; 

Liu and Greaver, 2010; Yue et al., 2016). In aridlands, the overall lack of change to soil C may be 

due to the possibility of multiple resource limitations on soil C-cycling processes and differential 

effects on different SOC fractions. For instance, relative to N, C cycling activities have been shown 

to be more limited by water and C in some aridland ecosystems (Schaeffer and Evans, 2005; Choi 

et al., 2022). Different fractions of SOC, i.e., mineral-associated organic C (MAOC) and 

particulate organic C (POC), may also respond differently to N. For example, in a long-term N 

addition study conducted in three semi-arid Mediterranean ecosystems, N inputs did not alter POC 

but did reduce MAOC, with MAOC declines linked to acidification-induced calcium (Ca) losses 

(Püspök et al., 2023). Thus, overall, while N enrichment is not likely to increase aridland SOC 

storage, N inputs that result in soil acidification may lead to the destabilization of MAOC via N-

induced acidification Ca losses (Püspök et al., 2023), though data are limited.   

 

ECOSYSTEM PROCESSES: SOIL NITROGEN TRANSFORMATIONS AND LOSSES 

N enrichment can alter critical N transformation processes, such as N2 fixation, N mineralization, 

nitrification, and denitrification. For example, N inputs may inhibit N-cycling enzymes because 

of lowered N requirements (Craine et al., 2007) or through shifts in soil microbial communities 

(Ramirez et al., 2012). In contrast, N inputs may also increase N-cycling processes by enhancing 

substrate quality and quantity (Treseder, 2010). 

In aridland N addition studies, N-cycling activities are often affected by N amendments 

in relatively consistent ways. For instance, aridland N addition studies report depressed N-

fixation rates (Ochoa-Hueso et al., 2014), declines in N acquisition enzyme activities (e.g., 
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Stursova et al., 2006; Wang et al., 2020; Vourlitis et al., 2021b), reduced ammonification rates 

(Ochoa-Hueso et al., 2013; Sinsabaugh et al., 2015), and enhanced nitrification rates (e.g., 

Vourlitis et al., 2009; Li et al., 2010; Hall et al., 2011; Ochoa-Hueso et al., 2013). Additionally, 

while N inputs can enhance net N mineralization rates (e.g., Sinsabuagh et al., 2015), increased 

nitrification rates do not necessarily always translate to changes in net N mineralization (e.g., Li 

et al., 2010; Hall et al., 2011; Ochoa-Hueso et al., 2013). In some cases, N-cycling responses to 

N amendments are conflicting among aridland N addition studies. For instance, in contrast to the 

studies mentioned above, some aridland N addition studies demonstrate no (Osborne et al., 

2022a) or even positive effects on N acquisition activities (Sinsabaugh et al., 2015). N-cycling 

responses to N inputs can also vary spatially (e.g., bulk soil vs. biocrust in Sinsabaugh et al., 

2015; interspace soil vs. under canopy soil in Hall et al., 2011).  

The effects of N enrichment on aridland N-cycling activities have important implications 

on N balance in these already low N ecosystems. In particular, increased N availability may 

stimulate biotic (e.g., nitrification and denitrification) and abiotic processes (e.g., NH3 

volatilization and chemodentification), which emit gaseous N (e.g., NO, N2O). N gas emissions 

are considered a dominant pathway of N loss in drylands (Peterjohn and Schlesinger, 1990; 

Homyak et al., 2016). And a growing number of aridland N addition studies report enhanced 

gaseous N efflux, most notably NO and NH3, following N amendments (e.g., Peterjohn and 

Schlesinger, 1990; Hartley and Schlesinger, 2000; Schaeffer and Evans, 2005; McHugh et al., 

2017; Krichels et al., 2022; Chapter 4).  

Rapid gaseous N emissions may particularly be important in aridland N addition studies 

that report no change with added N. For instance, on Colorado Plateau, bacterial, fungal, and 
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plant communities exhibited few responses to simulated N deposition (McHugh et al., 2017; 

Philips et al., 2021). However, in the same study ecosystem, N inputs enhanced NO emissions, 

and while inorganic N concentrations were elevated immediately following fertilization, 

treatment differences diminished one month after fertilization (McHugh et al., 2017). However, 

some aridland N addition studies also report no effect of N on gaseous N emissions (e.g., 

Stursova et al., 2006; Osborne et al., 2022a). Though, N gas efflux activities can highly depend 

on the timing of measurement (e.g., N2O efflux can be highly ephemeral, Schaeffer et al., 2003; 

Krichels et al., 2022) and can vary due to differences in site and soil-microsite factors, e.g., soil 

texture, cover type, moisture, temperature, pH, and substrate supply (Schlesinger and Peterjohn, 

1991; Schaeffer et al., 2003; Homyak et al., 2016; Eberwin et al., 2020). In addition to gaseous 

soil N losses, N leaching may also represent an important mechanism of N loss in aridlands 

(Reichmann et al., 2013; McHugh et al., 2017; Osborne et al., 2022a), with gaseous N emissions 

and N leaching having important negative implications on air and water quality (Smith et al., 

2013).  

CONCLUSIONS AND FUTURE RESEARCH DIRECTIONS  

Overall, aridlands demonstrate a wide range of responses to experimental N inputs (Table 2.1). In 

general, N enrichment can drive considerable change to aridland structure and function, e.g., by 

reducing soil microbial and plant diversity and altering microbial, biocrust, and plant community 

composition and function. Aridland N enrichment can also accelerate soil N transformation 

processes, e.g., by enhancing N cycling activities that emit nitrogenous gases. However, the 

magnitude and often the direction of the effects of N inputs on most processes vary due to multiple 

factors, such as differences in organismal functional groups (e.g., bacteria vs. fungi, early vs. late 

successional biocrust, shrubs vs. grasses), environmental factors most notably water availability, 
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particularly during periods of drought and above average precipitation, as well as spatial 

heterogeneity (e.g., microsite soil interspace vs. biocrust or canopy). Experimental differences, 

most notably N dose,  which is likely linked to the presence or absence of soil acidification, also 

plays a considerable role in aridland ecosystem response to N enrichment.
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Table 2.1. List of general soil to ecosystem-scale responses to N inputs in aridlands: (0) and grey = no effect, (+) and blue = positive effect, (-) and red = 
negative effect, (+/-/0) and orange = mixed effects, summary of mediating factors, and key references.  

 

Response category Response variable

General N 

effect 

(direction) Important mediating factors Relevant literature

Communities: 

Microbes

Fungal to Bacterial 
ratio -

• Declines often linked to declines in soil pH

• Bacteria sometimes appear more sensitive than fungi 

• Few effects at low N doses (<20 kg N ha-1 year-1, <2 x per year), 

Bi et al., 2012; Wei et al., 2013; Chen et al., 2015; Sinsabaugh et 
al., 2015; Su et al., 2016; Yang et al., 2017; McHugh et al., 2017; 
Wang et al., 2020; Porras-Alfaro et al., 2011; Muller et al., 2015; Su 
et al., 2016

Diversity -
• Declines linked to soil acidification and heightened competition between copiotrophic groups and oligotrophic 

groups. 

• Bacteria often appear more sensitive than fungi 

• Few effects at low N doses (<20 kg N ha
-1

 year
-1

, <2 x per year)

Muller et al., 2015; Sinsabaugh et al., 2015; McHugh et al., 2017; 
Eberwein et al., 2020

Biomass -
• Declines linked to soil acidification, usually at higher N doses (>20 kg N ha-1 year-1). 

• Positive effects were sometimes observed at lower N doses (<20 kg N ha-1 year-1), suggesting N limitation. 

• No effects observed at lower N doses (<20 kg N ha-1 year-1 )

Zhang et al., 2014; Zhu et al., 2016; Wang et al., 2020; Cui et al., 
2021; Osborne et al., 2022a; Püspök et al., 2023
Schaeffer et al., 2003; Schaeffer and Evans, 2005; Choi et al., 2022

Communities: 

Biocrust

Community 
composition - • Changes can vary due to differences in soil properties (e.g., soil pH and soil organic C), biocrust successional 

stage and species, and study duration.
Wang et al., 2015; Rong et al., 2022

Cover - • Responses can vary due to differences in soil properties (particularly soil pH and soil organic C), biocrust 

successional stage, species, aboveground plant cover, precipitation, and study duration. 

Ochoa-Hueso et al., 2016; Benvenutto-Vargas and Ochoa- Hueso, 
2020; Philips et al., 2021; She et al., 2022

Communities: 

Plants

Diversity -
• Declines linked to increased abundance of grasses, annual, or alien species. 

• Effects often depend on water availability. 

•Most studies reporting significant effects apply N at high doses (>50 kg N ha-1 year-1).

• No effects at lower N doses (<20 kg N ha-1 year-1).

Mun and Whitford, 1989; Ludwig et al., 1989; Carpenter et al., 
1991; Brooks, 2003; Allen et al., 2009; Zeng et al., 2010; Philips et 
al., 2019;Wheeler et al., 2021

Functional group 
(perennial forbs and 

legumes) 
-

• Declines linked to increased abundance of grasses, annual, or alien species. 

• Effects often depend on water availability. 

•Most studies observing effects apply N at high doses (>50 kg N ha
-1

 year
-1

).

• No effects at lower N doses (<20 kg N ha
-1

 year
-1

).

Brooks, 2003; Baez et al., 2007; Zeng et al., 2010; Whitford and 
Steinberger, 2011; Ladwig et al., 2012; Philips et al., 2019; Wheeler 
et al., 2021

Functional group 
(grasses and annuals) +

• Effects often depend on water availability. 

•Most studies observing effects apply N at high doses (>50 kg N ha
-1

 year
-1

).

• No effects at lower N doses (<20 kg N ha
-1

 year
-1

).

Baez et al., 2007; Zeng et al., 2010; Whitford and Steinberger, 
2011; Ladwig et al., 2012; Philips et al., 2019; Wheeler et al., 2021

Non-native species + • Effects often depend on water availability. 

•Most studies observing effects apply N at high doses (>50 kg N ha
-1

 year
-1

)

Brooks, 2003; Schwinning et al., 2003; Allen et al., 2009; Rao and 
Allen, 2010; Vourlitis, 2017

Foliar N +
• Can vary seasonally and between functional groups (e.g., grasses can be more sensitive than shrubs)

• Plant N uptake increases with increasing water availability 

• Does not increase at low N doses (<20 kg N ha
-1

 year
-1

).

Schwinning et al., 2005; Zeng et al., 2010; Hall et al., 2011; 
Reichmann et al., 2013; Yahdijan et al., 2014; Sinsabaugh et al., 
2015; Cui et al., 2021;  Osborne et al., 2022a
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Table 2.1. Continued. List of general soil to ecosystem-scale responses to N inputs in aridlands: (0) and grey = no effect, (+) and blue = positive effect, (-) 
and red = negative effect, (+/-/0) and orange = mixed effects, summary of mediating factors, and key references.  
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Response category
Response variable

General N 
effect 

(direction) Important mediating factors Relevant literature

Ecosystem Processes: 
Primary Production

ANPP +
• Effects often depend on water availability.
• Responses may differ due to climatic differences, plant functional types, and soil type. 
•Most studies apply N at high doses (>50 kg N ha-1 year-1).

Ettershank et al. 1978; Romney et al., 1978; Lightfoot and Whitford, 
1987; Fisher et al., 1988; Sharifi et al., 1988; Lajtha and Whitford, 
1989; Barker et al., 2006; Baez et al., 2007; Allen et al., 2009; Zeng 
et al., 2010;  Hall et al., 2011; Luo et al., 2011; Whitford and 
Steinberger, 2011; Ladwig et al., 2012; Yahdjian et al., 2014; Niu et 
al., 2018; Zhou et al., 2018; Ma et al., 2020

BNPP +/ - /0 • Differential responses of BNPP to N amendments in aridlands, as well as the scarcity of BNPP measurements 
overall, may complicate BNPP response predictions to N in these ecosystems. 

Fisher et al., 1989; Zeng et al., 2010;  Ladwig et al., 2012; Verburg 
et al., 2013; Luo et al., 2017; Vourlitis, et al., 2021a

Ecosystem Processes: 
Soil C Stocks and 

Cycling

SOC 0

• SOC is overall insensitive to N amendments, regardless of changes in pH, soil microbial biomass and function, N 
dose, water availability, and study duration (though few studies over +10 years).
• Few studies demonstrated positive effects on SOC
• There is limited evidence suggesting reductions in mineral-associated OC, linked to acidification linked calcium 

losses

Li et al., 2010; Zeng et al., 2010; Bi et al., 2012; Wang et al., 2014; 
Sinsabaugh et al., 2015; Wang et al., 2020; Vourlitis et al., 2021b; 
Osborne et al., 2022a; Püspök et al., 2023

EOC 0
• There were few positive effects on EOC
•Most studies showed insensitivity of EOC to N inputs regardless of changes in pH and microbial biomass and 

function, N dose, and water availability, and study duration (though few studies over +10 years). 

Li et al., 2010; Wei et al., 2013; Wang et al., 2014; Su et al., 2016; 
Osborne et al., 2022a

C- cycling enzymes +/ - /0
• Evidence of enhanced, depressed, or no effects of N on hydrolytic C- cycling activities.
• Changes linked to soil acidification and microbial biomass declines 
• Oxidative enzyme activities were generally insensitive to N inputs 

Stursova et al., 2006; Zeglin et al., 2007; Ochoa-Hueso et al., 2014; 
Wang et al., 2014; Wang et al., 2020; Osborne et al., 2021

Respiration 0 • Respiration was generally insensitive to N inputs
• Some studies demonstrate serial water and C limitation 

Schaeffer et al., 2003; Schaeffer and Evans, 2005; Li et al., 2010; Su 
et al., 2016; Zhu et al., 2016; Choi et al., 2022

Ecosystem Processes: 
Soil N 

Transformations and 
Losses

N- fixation - • Down-regulation is likely due to N availability that exceeds demand. Ochoa- Hueso et al., 2014

N-mineralization 0
• Changes to ammonification or nitrification rates generally do not translate to changes in net N mineralization.
• N inputs can enhance net N mineralization rates, but the magnitude can vary by N dose (greater sensitivity with 
greater N dose) and soil depth (insensitivity at deeper depths).

Li et al., 2010; Hall et al., 2011; Ochoa-Hueso et al., 2013

Ammonification - • In general, ammonification declines but some evidence for enhanced ammonification rates. 
• Linked to soil pH and inorganic N concentrations.

Ochoa-Hueso et al., 2013; Sinsabaugh et al., 2015

Nitrification + • In general, nitrification increases, but some evidence for depressed nitrification rates
• Linked to soil pH and inorganic N concentrations. 

Vourlitis et al., 2009; Li et al., 2010; Hall et al., 2011; Ochoa-Hueso 
et al., 2013

N-cycling enzymes -
• N acquisition enzyme activities generally decline with N
• Sensitivity can vary spatially (e.g., bulk soil vs. biocrust)
• Low N dose studies report insensitivity of N-cycling activities at lower N doses (<20 kg N ha-1 year-1). 

Stursova et al., 2006; Wang et al., 2020; Vourlitis et al., 2021b; 
Osborne et al., 2022a

N gas emissions +
• N gases (particularly nitric oxide and ammonia) emissions increase following N fertilization. 
• N gas efflux can highly depend on the timing of measurement and can vary due to differences in site and soil-
microsite factors, e.g., soil texture, cover type, moisture, temperature, pH, and substrate supply

Schlesinger and Peterjohn,1991; Hartley and Schlesinger, 2000; 
Schaeffer and Evans, 2005; Stursova et al., 2006;  McHugh et al., 
2017; Osborne et al., 2022a; Krichels et al., 2022

N Leaching + • Leaching increases with increasing N inputs but occurs even at low N doses (<20 kg N ha-1 year-1).
• Leaching can increase during drought, i.e., when plant N uptake is likely low.

Reichmann et al., 2013; McHugh et al., 2017; Osborne et al., 2022a
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In our synthesis, large knowledge gaps represent possible directions for future research.  

First, water availability in aridlands is often highly spatially and temporally variable, and aridlands 

across the globe are expected to experience increasingly variable precipitation patterns, enhanced 

aridity, and more frequent, severe, and prolonged droughts (Cook et al., 2015; Bradford et al., 

2020). Here, we found that the effects of N often depend on water availability (e.g., Brooks, 2003; 

Ludwig et al., 1989; Ladwig et al., 2012; Whitford and Steinberger, 2011; Wheeler et al., 2021). 

Thus, we suggest future studies to either increase the duration of their experiment, which would 

make it more likely to capture year-to-year variation in precipitation (e.g., long-term N addition 

study in Ladwig et al., 2012), or include precipitation manipulation treatments that simulate 

predicted changes in precipitation and temperature in their study region (e.g., extreme drought and 

N addition manipulation study in Zhang et al., 2023b). Second, we found that resources other than 

N may constrain responses to N enrichment (e.g., water and C; Schaeffer et al., 2003; Schaeffer 

and Evans, 2005; Choi et al., 2022). Resource availability and dynamics can provide critical insight 

into how biogeochemical cycles respond to global change (Reed et al., 2015). Thus, given that 

aridlands are notably poor in organic C, N, and P resources (Plaza et al., 2018), assessing the 

possibility of multiple resource limitations (beyond N) may be important when assessing aridland 

vulnerability to N deposition (e.g., water, C, N, and P, limitation assessment in Choi et al., 2022). 

Third, most aridland N addition studies in this synthesis applied N at relatively high N doses (>50 

kg N ha-1 yr-1), thus challenging our predictions on the effects at relatively lower N deposition 

rates. Here, we suggest more studies that explore aridland ecosystem response to low but realistic 

N inputs (e.g., N added according to reported N deposition estimates in Osborne et al., 2022a) or 

more studies which derive information from extant N deposition gradients (i.e., low to high N 

deposition, e.g., Ochoa-Hueso et al., 2013). Last, as N inputs can accelerate N gas loss processes 
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(e.g., Peterjohn and Schlesinger, 1990; Hartley and Schlesinger, 2000; Schaeffer and Evans, 2005; 

McHugh et al., 2017; Krichels et al., 2022), we encourage future aridland N addition studies to 

also include N gas efflux assessments (e.g., NO, NH3, N2O) as they may offer critical insight into 

N retention and loss under elevated N deposition in these ecosystems.  
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CHAPTER 3: N AND P LIMIT SOIL MICROBIAL BIOMASS, BUT MULTIPLE 
RESOURCES LIMIT SOIL MICROBIAL FUNCTION IN A NORTHERN 
CHIHUAHUAN DESERT SEMI-ARID GRASSLAND 

ABSTRACT 

Drylands represent ~41% of Earth’s terrestrial surface and are expected to be particularly 

vulnerable to global change stressors, such as climate change and anthropogenic nitrogen (N) 

deposition. Resource availability may dictate how ecosystems respond to global change, e.g., N 

deposition. However, we have a limited understanding of the resources (beyond water) that 

regulate important biogeochemical processes in drylands. Here, we performed a factorial carbon 

(C), N, and phosphorous (P) laboratory incubation experiment to test if Chihuahuan Desert soil 

microbial biomass and function are individually or interactively limited by C, N, and P when given 

sufficient water. Overall, we found that N and P independently limited soil microbial biomass, but 

the effects on measured microbial activities often depended on the co-availability of multiple 

resources. For example, N and P immobilization was often only enhanced when two or more 

resources were added (e.g., C+N, N+P, C+N+P). C alone dramatically increased specific 

respiration (i.e., CO2 production per unit biomass and unit time) but had no significant effect on 

soil microbial biomass, suggesting low C-use efficiency (CUE). CUE appeared to improve when 

C was added with N or P, as these resources together enhanced microbial biomass and inhibited 

the effect of C on specific respiration. This study highlights the importance of assessing multiple 

resource limitations in low-resource environments, as such resources may influence how these 

ecosystems respond to global change.  
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INTRODUCTION 

Our understanding of resources regulating biogeochemical processes in terrestrial ecosystems is 

improving (e.g., Fay et al., 2015; Harpole et al., 2016; Ochoa-Hueso et al., 2020). However, 

relative to water, we have a limited understanding of the resources that govern biogeochemical 

processes in drylands (Austin, 2011; Osborne et al., 2022b). Drylands cover over ~41% of Earth’s 

terrestrial surface (Millennium Ecosystem Assessment, 2005) and play a critical role in the global 

carbon (C) cycle (Poulter et al., 2014; Ahlström et al., 2015). Advancing our understanding of the 

resources that regulate dryland biogeochemical processes (beyond water) will strengthen our 

ability to predict environmental change effects in these ecosystems.  

 

Water is the dominant driver of biological processes in drylands, e.g., plant primary 

productivity and soil microbial activity (Noy-Meir, 1973; Reynolds et al., 2004; Collins et al., 

2014). However, the strong focus on water limitation in drylands has constrained our 

understanding of other resources that influence important ecological processes, e.g., C and nutrient 

cycling (Austin, 2011). In particular, as aridity drives low levels of organic C, nitrogen (N), and 

phosphorus (P) in dryland soils (Plaza et al., 2018), these critical biogenic elements may also be 

limiting for dryland biota. Human-driven perturbations, such as climate change and N deposition, 

can also drive changes in resource availability (e.g., N to P limitation, Yuan and Chen, 2015; Dong 

et al., 2019), which may further alter or constrain biological activities in drylands.   

 

Beyond water, N is considered a vital limiting resource in drylands (Hooper and Johnson, 

1999; Yahdjian et al., 2011). However, across N addition experiments globally, the magnitude and 

often the direction of N addition effects are influenced by experimental N dose and study duration, 
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e.g., in plants (Midolo et al., 2019; Song et al., 2019) and soil microbes (Jian et al., 2016; Zhou et 

al., 2017; Jia et al., 2020). For instance, at the global scale, N inputs at rates less than 100 kg N 

ha−1 yr−1 generally enhance microbial biomass, whereas rates greater than 100 kg N ha−1 yr−1  

reduce microbial biomass (meta-analysis by Zhou et al., 2017). A similar pattern also emerges 

across aridland (arid and semi-arid ecosystems) N addition studies, where N doses of <70 kg ha-1 

yr-1 and N loads <120 kg ha-1 exert positive effects on microbial biomass and metabolic rates, 

respectively, with negative effects at greater doses and loads (meta-analysis by Sinsabaugh et al., 

2015). However, some aridland N addition studies also suggest that some aridlands are insensitive 

to N inputs (e.g., McHugh et al., 2017; Philips et al., 2021; Osborne et al., 2022a).  

 

Growing evidence suggests that resources in addition to or other than N can be limiting in 

aridlands, e.g., water and C (e.g., Schaeffer et al., 2003; Schaeffer and Evans, 2005; Choi et al., 

2022), and P (Cui et al., 2018). Resource limitation may be particularly important as it may dictate 

how ecosystems respond to global change (Reed et al., 2015). Drylands worldwide face several 

environmental stressors, e.g., climate change and N deposition (Fenn et al., 2003; Hoover et al., 

2020), which have considerable implications for global C and N cycling (Peterjohn and 

Schlesinger, 1990; Delgado-Baquerizo et al., 2013). Thus, it is critical that we improve our 

understanding of resources capable of regulating important dryland ecosystem processes beyond 

water limitation.  

 

Here, we performed a factorial C, N, and P addition laboratory incubation experiment using 

soils collected from a semi-arid Chihuahuan Desert grassland experiencing elevated levels of 

anthropogenic N deposition. N deposition has important implications for ecosystem structure and 
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function (Bobbnik et al., 2010). However, given that some studies suggest aridlands are limited by 

resources in addition to or beyond N (e.g., Schaeffer et al., 2003; Schaeffer and Evans, 2005; Cui 

et al., 2018; Choi et al., 2022), we were also interested in exploring how C, N, and P may 

individually or interactively influence soil microbial biomass and function in our study ecosystem. 

We based experimental N inputs on a rate similar to modeled N deposition in our study ecosystem 

(4 kg N ha-1 yr−1). Therefore, as microbial biomass and metabolic rates generally increase at lower 

N addition rates (e.g., <70 kg ha-1 yr-1 for microbial biomass in Sinsabaugh et al., 2015), we 

hypothesized that our N inputs would enhance soil microbial biomass and activities. However, 

given that dryland soils are also notably poor in organic C and P (Plaza et al., 2018), we also 

hypothesized that N added with C or P would surpass the effects of N alone by further enhancing 

soil microbial biomass and activities.   

 

METHODS  

Site Description  

We collected soils from a Chihuahuan Desert semi-arid grassland on a stream terrace at Carlsbad 

Caverns National Park (CAVE, 32°10′31″N 104°26′38″W) N.M., USA. CAVE is modeled to be 

experiencing elevated levels of N deposition at a rate ranging from 3.5 to 4.5 kg N ha−1 yr-1 due to 

nearby oil and natural gas operations (Sullivan et al., 2016; Naimie et al., 2022). The region’s 

mean annual temperature is 16.8 °C, with a mean annual precipitation of 378.7 mm, +60% of 

which falls during the summer monsoon (generally from July to September). Vegetation at our 

study site contained a mix of warm-season C4 grasses, annuals, and forbs, including native 

perennial grasses, blue grama (Bouteloua gracilis), and black grama (B. eriopoda), and exotic 

invasive bunchgrass Lehmann lovegrass (Eragrostis lehmanniana). Soil parent material is 
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characterized as gravelly alluvium derived from limestone (websoilsurvey.sc.egov.usda.gov/). 

Soil texture is a sandy loam mixture characterized as 71% sand, 25% silt, and 4% clay, with an 

average pH of 7.6  (2:1 dH2O).  

Soil Collection   

We collected soils during pre-monsoon drought conditions in June 2018, at 0 to 5 cm, from open 

spaces between plants. Soil sample locations were free of mid to late successional biological soil 

crusts (e.g., darkly pigmented cyanobacterial and moss crust) but likely included early successional 

lightly pigmented cyanobacterial crust. Soil sample locations were collected at a minimum 

distance of 2 m from each sample location and large N-fixing plants (e.g., mesquite). Soils were 

combined, homogenized, passed through a 2-mm sieve, and stored at 4 °C for approximately one 

day before the start of the incubation.   

Incubation Experiment 

To explore the influence of C, N, and P availability on soil microbial biomass and activities, we 

performed a 24-hour and 16-day C, N, and P addition laboratory incubation experiment using soils 

collected from the field. For the incubation, we weighed 50 g of soil (dry-equivalent) into 355 mL 

glass mason jars. Treatments included a control (CT, deionized water only) and factorial additions 

of C, N, and P (eight treatments total). N was added in an amount similar to modeled N deposition 

at CAVE (4 kg N ha-1 yr-1). Proportions of C and P additions were based on our N addition dose 

and globally estimated microbial C:N:P stoichiometry (60:7:1, Cleveland and Liptzin, 2007), with 

the assumption that all three resources were added in excess. The specific amount of C, N, and P 

added was based on the 50 g of soil within each jar, which was calculated to be the equivalent to 

the top 3 cm of soil from 0.00054 m2, with a field bulk density of 1.41 g/cm3. N was added as 
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ammonium nitrate (0.83 g/m2; NH4NO3), C was added as sucrose (6.66 g/m2; C12H22O11), and P 

as triple superphosphate (0.25 g/m2; Ca (H2PO4)2 *H2O). Additionally, as we wanted to 

specifically test for C, N, and P limitation (i.e., not water limitation), all soils received deionized 

water, which brought soils to 60% water holding capacity (14.7 mL). Treatments were replicated 

12 times to allow for two incubation periods, which included two destructive soil samplings (i.e., 

at 24 hours and day 16). Soils were incubated at 30 °C (comparable to monsoon season 

temperatures in this region), with jar lids loosely fitted to reduce evaporation (Melle et al., 2015). 

Incubated soils were maintained at 60% field capacity by supplementing deionized water every 

two days (Allen and Schlesinger, 2004).                                                                                                                             

 

Soil Extractable Pools and Microbial Biomass  

Extractable organic carbon (EOC), extractable total nitrogen (ETN), available soil phosphate (PO4-

3-P), microbial biomass carbon (MBC), microbial biomass nitrogen (MBN), and microbial 

biomass phosphorus (MBP) were measured at 24 hours, and on the 16th day of the incubation. 

EOC, ETN, and available phosphate (PO4-3-P) extracts were obtained by shaking 5 g of fresh soil 

in 0.5 M K2SO4 for two hours and filtering through glass filter paper. EOC and ETN concentrations 

were determined using a Shimadzu analyzer (TOC-VCPN; Shimadzu Scientific Instruments Inc., 

Columbia, MD, USA). Available soil PO4-3 was assessed colorimetrically (BioTEK Synergy HT 

microplate reader) using a malachite green assay (D’Angelo, 2001). MBC, MBN, and MBP 

estimates were derived using a modified chloroform fumigation-extraction technique (Brooks et 

al., 1985). We incubated 5 g of fresh soil in 2 mL of ethanol-free chloroform for 24 hours at room 

temperature. Then we extracted fumigated soils and analyzed them for EOC, ETN, and PO43- (as 

described above). MBC, MBN, and MBP were calculated as the difference between non-fumigated 



 

38 

EOC, ETN, and PO43- concentrations and fumigated  EOC, ETN, and PO43- concentrations, 

respectively.  

 

Respiration and Specific Respiration  

Respiration was measured immediately before destructively harvesting soils for microbial biomass 

and extractable soil pools at 24 hours and again on the 16th day. To prep the soils for respiration 

measurements, we uncovered the incubation jars and fanned them to ensure that ambient air was 

mixed within the jars. Following fanning, we tightly sealed the jars and incubated them at room 

temperature (20 °C) for 1 hour. Following the 1-hour incubation period, we drew air samples from 

a rubber septum fitted at the top of each jar using a 5 mL needle syringe. Sample air was fed into 

an infrared gas analyzer (LI-820, LI-COR Biosciences, Lincoln, Nebraska, USA). Ambient carbon 

dioxide (CO2) concentrations were measured using three empty acid-washed jars treated as 

controls during respiration measurements (Melle et al., 2015). We determined respiration rates as 

the net accumulation of CO2 over time. Specific respiration, which represents CO2 production per 

unit biomass and unit time (called metabolic quotient of CO2 in Anderson and Domsch, 1985), 

was calculated as CO2 produced per μg of microbial biomass C using MBC as determined above.  

 

Statistical Analyses 

All measures were analyzed using a three-way ANOVA for each incubation period (24h and 16 

days). C, N, and P factors were treated as binary dummy variables, such that control = (0,0,0), C 

addition = (1,0,0), N addition = (0,1,0), P addition = (0,0,1), C+N addition = (1,1,0), C+P addition 

= (1,0,1), N+P addition = (0,1,1), and C+N+P addition = (1,1,1). We assessed models for normality 

(Shapiro-Wilks) and heteroscedasticity and log-transformed when the data did not meet these 
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assumptions (respiration data only). All statistical analyses were performed using JMP 10.0 (2010, 

Cary, NC, USA).  

 

RESULTS 

Microbial Biomass  

Relative to control conditions, MBC responded to N and P additions independently, while MBN 

and MBP generally only responded when we added resources in combination. Microbial biomass 

responses were also more evident on day 16 than after 24 hours (Table 3.1). Relative to the control 

treatment, MBC marginally increased with added C after 24 hours (Fig. 3.1a). By day 16, MBC 

increased with N and P, but not C additions (Fig. 3.1b). MBN was not affected by any of our 

resource additions after 24 hours (Fig. 3.1c). However, there was a three-way interaction between 

C, N, and P additions on day 16 (Table 3.1), with MBN increasing more when any two resources 

added together relative to when a single or all three resources were added simultaneously (Fig. 

3.1d). MBP showed a marginal three-way interaction between resource additions after 24 hours, 

with MBP increasing with N addition unless added with C or P (Fig. 3.1e, Table 3.1). On day 16, 

a two-way interaction between N and P revealed that N and P added together increased MBP but 

had no significant effect when N or P were added alone (Fig. 3.1f, Table 3.1) 

Table 3.1. Summary of 3-way ANOVA with the main factors of carbon (C), nitrogen (N), and phosphorus (P) 
for microbial biomass carbon (MBC), microbial biomass nitrogen (MBN), and microbial biomass phosphorus 
(MBP) in a fully factorial Chihuahuan Desert soil resource addition laboratory incubation experiment after 24 
hours and 16 days. Bold values are significant at p<0.05, and italicized values indicate marginal significance at 
0.05<p<0.1. df for all responses is 1, 40. 
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 MBC - 24h  MBC - Day 16 MBN -  24h  MBN - Day 16 MBP - 24h  MBP - Day 16 
    F p    F p     F p     F p      F p       F p 

C 2.95 0.094 2.51 0.121 1.54 0.222 4.54 0.039 5.43 0.025 3.97 0.053 
N  0.14 0.708 18.79 <0.001 0.10 0.753 10.10 0.003 1.25 0.269 32.59 <0.001 
P 1.19 0.282 17.21 <0.001 0.14 0.714 14.62 <0.001 5.43 0.025 2.12 0.153 
C x N 0.00 0.998 1.89 0.177 0.65 0.426 0.13 0.718 1.36 0.251 1.01 0.320 
C x P 0.68 0.415 2.39 0.130 1.66 0.205 2.46 0.125 1.25 0.269 1.20 0.279 
N x P 0.41 0.525 0.90 0.349 0.36 0.552 0.20 0.658 0.01 0.929 10.54 0.002 
C x N x P 1.85 0.181 1.47 0.232 1.19 0.283 12.25 0.001 3.05 0.088 0.55 0.464 
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Fig. 3.1. Mean (± SE) microbial biomass carbon (MBC; a, b), microbial biomass nitrogen (MBN; c, d), and 
microbial biomass phosphorus (MBP; e,f) in a fully factorial Chihuahuan Desert soil resource addition 
laboratory incubation experiment (CT= control, C = carbon, N = nitrogen, and P = phosphorus) after 24 hours 
and 16 days. Levels of significance for a 3-way ANOVA with the main factors of C, N, and P are shown. 
*p<0.05 **p<0.01 ***p<0.001, and ~ indicates marginal significance at 0.05<p<0.1. 

 

 

Soil Extractable Pools 

Resource addition effects on EOC, ETN, and available soil PO43- were observed during incubation 

periods, but effects often contained interactive effects between two or more resources (Table 3.2). 

EOC had a complex three-way interaction between resource additions after 24 hours, with the 

lowest EOC concentrations when all three resources were added together (Fig. 3.2a, Table 2). On 

day 16, C added alone had little effect on EOC, but EOC declined when C was added with N (Fig. 

3.2b). ETN increased with N but declined with C inputs after 24 hours (Fig. 3.2c, Table 3.2). On 

day 16, ETN had a three-way interaction, where ETN increased with N alone but declined to its 

lowest concentrations when N was added with C or when C was added with P  (Fig. 3.2d). After 

24 hours, available soil PO43- increased P inputs, and two-way interaction revealed that C or N 

added alone had little effect on PO43-but increased when C and N were added together (Fig. 3.2e). 

Soil PO43- had a three-way interaction on day 16 (Table 3.2), where PO43- was lowest when we 

added C and N together, but this effect did not occur when C and N were added with P (Fig. 3.2f).  

Table 3.2. Summary of 3-way ANOVA with the main factors of carbon (C), nitrogen (N), and phosphorus (P) 
for extractable organic carbon (EOC), extractable total nitrogen (ETN), and available phosphate (PO4

3-) in a 
fully factorial Chihuahuan Desert soil resource addition laboratory incubation experiment after 24 hours and 16 
days. Bold values are significant at p<0.05, and italicized values indicate marginal significance at 0.05<p<0.1. 
df for all responses is 1, 40. 
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 EOC - 24h  EOC - Day 16 ETN -  24h  ETN - Day 16 PO₄³⁻ - 24h  PO₄³⁻ - Day 16 
     F p      F p      F p F p      F p      F p 

C 0.66 0.421 2.50 0.122 24.14 <0.001 20.85 <0.001 0.40 0.531 9.73 0.003 
N  1.56 0.219 3.56 0.066 99.64 <0.001 3.29 0.077 0.53 0.472 5.88 0.020 
P 1.19 0.283 3.30 0.077 0.06 0.811 1.60 0.213 65.26 <0.001 9.73 0.003 
C x N 1.60 0.214 0.53 0.471 1.87 0.179 2.41 0.129 4.54 0.039 1.08 0.305 
C x P 1.87 0.179 2.98 0.092 1.07 0.307 4.98 0.031 0.29 0.593 5.88 0.020 
N x P 1.81 0.186 14.69 <0.001 0.36 0.552 1.21 0.278 0.67 0.417 0.02 0.883 
C x N x P 7.41 0.010 5.27 0.027 0.39 0.533 8.24 0.007 0.04 0.834 5.88 0.020 
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Fig. 3.2. Mean (± SE) extractable organic carbon (EOC; a, b), extractable total nitrogen (ETN; c, d), and available 
soil phosphate (PO4

3-; e,f) in a fully factorial Chihuahuan Desert soil resource addition experiment (CT= control, 
C = carbon, N = nitrogen, and P = phosphorus) after 24 hours and 16 days. Levels of significance for a 3-way 
ANOVA with the main factors of C, N, and P are shown. *p<0.05 **p<0.01 ***p<0.001, and ~ indicates 
marginal significance at 0.05<p<0.1. 
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Respiration and Specific Respiration  

Overall, respiration and specific respiration increased with the addition of C, with some interaction 

effects with N and P (Table 3.3). In both incubation periods, C addition increased respiration and 

had a marginal interaction between N and P, which showed that respiration slightly increased when 

N and P were added together (Fig. 3.3a, b, Table 3.3). Specific respiration responses to resource 

additions differed between each measurement period (Table 3.3). At 24 hours, specific respiration 

had a three-way interaction which showed that N and P added alone had a slightly negative effect 

on specific respiration, but when resources were added together, specific respiration increased 

(Fig. 3.3c). On day 16, a marginal two-way interaction between C and N and a significant two-

way interaction between C and P showed that when C added alone, specific respiration increased 

dramatically, but this positive effect was inhibited when C was added with N or P (Fig. 3.3d, Table 

3.3).  

Table 3.3. Summary of 3-way ANOVA with the main factors of carbon (C), nitrogen (N), and phosphorus (P) 
for soil respiration rate (Respiration) and specific respiration rate (Sp. Resp) in a fully factorial Chihuahuan 
Desert soil resource addition laboratory incubation experiment after 24 hours and 16 days. Bold values are 
significant at p<0.05, and italicized values indicate marginal significance at 0.05<p<0.1. df for all responses is 
1, 40. 
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Fig. 3.3. Mean (± SE) soil respiration rate (a, b) and specific respiration rate (c, d) in a fully factorial 
Chihuahuan Desert soil resource addition experiment (CT= control, C = carbon, N = nitrogen, and P = 
phosphorus) after 24 hours and 16 days. Levels of significance for a 3-way ANOVA with the main factors of 
C, N, and P are shown. *p<0.05 **p<0.01 ***p<0.001, and ~ indicates marginal significance at 0.05<p<0.1. 
 
 
DISCUSSION 

Our study adds to the growing evidence demonstrating how aridland ecosystem processes can be 

limited or co-limited by multiple resources beyond water. Overall, our first hypothesis was only 

partially supported as N added alone only enhanced soil microbial biomass but did not significantly 

affect our microbial function measures. Our second hypothesis, which predicted that the effects of 
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N would be further enhanced when N was added with C or P, was also only partially supported as 

we observed synergistic effects with N and other resources. However, in the absence of N addition, 

we also found that microbial biomass and activity measures were independently influenced by P 

alone or by combinations of C and P.  

In our study, N added alone increased soil microbial biomass, indicating N limitation. As 

we added N at a dose similar to modeled N deposition occurring at our collection site (i.e., 4 kg 

N ha-1), our findings are consistent with a recent meta-analysis of aridland N addition studies that 

reported positive effects on soil microbial biomass at N application doses <70 kg ha-1 yr-1 

(Sinsabaugh et al., 2015). However, despite the positive effects of N on biomass, N alone did not 

affect any of our measured soil microbial function responses (i.e., N and P immobilization, 

respiration, and specific respiration). Thus, the lack of effect with N inputs alone on our soil 

microbial function measures contrasts aridland meta-analysis by Sinsabaugh et al. (2015), which 

suggests positive effects on microbial metabolic activities at N loads <120 kg N ha-1, as well as 

other later studies that report changes in soil microbial activities with N additions, e.g., enhanced 

heterotrophic respiration (Fang et al., 2018; Yue et al., 2018) and N immobilization (Choi et al., 

2022). Though, it is possible that respiration did not increase with N inputs due to shifts in soil 

microbial communities (e.g., from oligotrophic to copiotrophic organisms), which exhibit lower 

microbial respiration rates due to reduced decomposition of recalcitrant organic matter (Ramirez 

et al., 2012; Mori et al., 2018).  

Unlike N amendments alone, changes to our soil microbial function measures generally 

occurred with the addition of two or more resources (e.g., N+P, C+P, C+N+P). For instance, N 

immobilization (i.e., MBN) increased significantly with additions of N with C or P, but not with 
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N alone. Additionally, despite not receiving supplemental N, C, and P added together, increased 

microbial N uptake (i.e., indicated by lower ETN and greater MBN with C+P additions). 

Microbial N transformation and uptake processes are mediated by enzymatic processes that 

require not only N but energy as well (as reviewed by Geisseler et al., 2010). Thus, soil microbes 

may have been only able to use or mine for N after other limiting resources (e.g., C or P) were 

available in sufficient quantities. In a similar aridland C, N, and P resource addition soil 

incubation study using soils collected on the Colorado Plateau, N utilization was serially limited 

by water and C (Choi et al., 2022). Greater P availability has also shown to accelerate N-cycling 

processes such as gross N mineralization (meta-analysis by Wang et al., 2022). 

P independently limited soil microbial biomass in our study ecosystem, which adds to the 

growing number of aridland studies showing P to be equally or even more limiting than N (e.g., 

James et al., 2005; Ma et al., 2009; Cui et al., 2018; Yang et al., 2021). While total P soil content 

can be high in dryland soils relative to more mesic systems (Plaza et al., 2018), arid soils also 

contain lower concentrations of organic P and exhibit lower P availability than in more humid 

regions due to alkaline soils and a greater abundance of compounds that bind to P (Vitousek et al., 

2010; de-Bashan et al., 2022). However, other aridland P addition studies also indicate that soil 

microbes are not P limited (e.g., Li et al., 2010; Wang et al., 2020; Choi et al., 2022). Conflicting 

findings between aridland P amendment studies may be associated with differences in P 

availability, which can vary due to differences in geological history, pedogenesis, climatological 

and soil physiochemical factors, as well as contributions from aeolian dust (as reviewed by de-

Bashan et al., 2022). P availability may also differ due to biological soil crust (biocrust) cover 

differences. Biocrust are a consortium of photosynthetic and heterotrophic organisms such as 

cyanobacteria, lichen, and mosses that occur in all drylands globally (Weber et al., 2022). Biocrust 



 

48 

successional stage (Young et al., 2022) and P acquisition strategies (Crain et al., 2018) can strongly 

influence P availability in aridlands. While we did not directly measure biocrust cover, soils were 

collected from plant interspaces that were not covered mid to late successional biocrust but likely 

included early successional light cyanobacterial crust, which are expected to have the least 

extractable PO43- content (Young et al., 2022).  

 

P has been shown to widely influence C-cycling processes (Elser et al., 2007; Reed et al., 

2011; Xiao et al., 2018). However, P alone had few effects on our soil microbial function measures. 

Instead, like N, soil microbial function effects were most apparent when P was added with another 

resource (e.g., N+P and C+P). For example, P added alone significantly increased microbial 

biomass but exerted little effect on N immobilization. However, when P was added with C or N,  

N immobilization (as well as microbial biomass) significantly increased. P is a critical component 

of P-rich ribosomal RNA and biochemical energy (as adenosine triphosphate, ATP) (Sterner and 

Elser, 2003). However, given that C and N are notably low in dryland soils (Plaza et al., 2018) and 

play a critical role in energy and enzyme production (Sterner and Elser, 2003; Marklein and 

Houlton, 2012), P may have been further utilized when C and N were available in sufficient 

concentrations.  

In contrast to N and P alone and together, our labile C addition treatment was the only 

treatment that significantly increased heterotrophic and specific respiration. However, despite 

this increase, C amendments did not significantly affect microbial biomass. Our findings only 

partially agree with other aridland studies that report greater respiration with C and water 

additions than water alone (Schaeffer et al., 2003; Schaeffer and Evans, 2005; Choi et al., 2022). 

However, these studies also reported enhanced microbial biomass (Choi et al., 2022) and 
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increased N immobilization (Schaeffer and Evans, 2005). The lack of effect on soil microbial 

biomass with enhanced respiration rates with C amendments suggests low (CUE), i.e., a smaller 

relative proportion of C assimilated into microbial biomass versus the C lost as CO2 (as reviewed 

by Schimel and Schaeffer, 2012). Under our C addition treatment, overflow respiration may have 

resulted from a strong imbalance of resources which has been suggested to occur when nutrients 

(e.g., N or P) are limited (as reviewed by Manzoni et al., 2012). For instance, when C was added 

with N or P, microbial biomass increased, and the net positive effect of C on specific respiration 

was inhibited, thus, indicating relatively higher CUE than when C was added alone. High CUE 

signals efficient growth and relatively low release of CO2, which may increase the stability of C 

soils, whereas low CUE suggests less conversion of C to biomass and large C losses through 

respiration and exudation, which may reduce the potential for long-term C sequestration (as 

reviewed by Manzoni et al., 2012). 

CONCLUSIONS 

In conclusion, we found that when given sufficient water, Chihuahuan Desert soil microbes were 

individually and interactively limited by multiple resources. Our findings found supporting and 

conflicting evidence from other aridland resource addition experiments (field and laboratory 

incubation experiments). Aridlands landscapes are highly spatially heterogeneous, and it can be 

challenging to generalize responses between and even within aridland regions (Sinsabaugh et al., 

2015; Osborne et al., 2022b). Thus, as resources may dictate how aridlands respond to global 

change (e.g., N deposition), we emphasize the importance of assessing multiple interacting 

limiting resources across a diverse number of aridland landscapes. Drylands are expanding on all 

continents except for South America and Europe (Prăvălie et al., 2019) and face several 

anthropogenic-related stressors, including changing nutrient inputs (Fenn et al., 2003) and climate 
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change (Huang et al., 2016, 2017; Hoover et al., 2020). Improving our understanding of the 

resources which regulate dryland ecosystem processes, with resource scarcity and possible spatial 

heterogeneity in mind, will help to advance our ability to forecast the effects of global change 

stressors in these ecosystems. 
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CHAPTER 4: LOW BUT REALISTIC LEVELS OF SIMULATED N DEPOSITION 
HAVE LITTLE EFFECT ON PLANTS, ECOSYSTEM PROPERTIES, AND 
BIOGEOCHEMICAL PROCESSES BUT ENHANCE NITRIC OXIDE EMISSIONS IN 
THE NORTHERN CHIHUAHUAN DESERT 

ABSTRACT 

Anthropogenic nitrogen (N) deposition can considerably alter terrestrial ecosystem structure and 

function. However, the effect of N inputs in aridlands (arid and semi-arid ecosystems) can be 

complicated due to conflicting experimental results linked to experimental N dose or water 

availability. Here, we conducted a four-year N fertilization and water addition experiment in 

three northern Chihuahuan Desert grassland sites. We were interested in determining: 1. if low 

but realistic N inputs (i.e., based on modeled N deposition at our study site; 0, 2, and 4 kg N ha-1 

yr-1) impact aridland plant communities, soil ecosystem properties, and biogeochemical 

dynamics, and 2. if effects of N depend on periods of above-average water availability. Field N 

additions had few transient effects on our plant community, soil ecosystem, and biogeochemical 

measures. Water limitation may have complicated responses (even with supplemental water) 

during the first three years of this experiment, as summer rainfall was 50%, 54%, and 71% below 

the 30-year normal. However, N addition effects were still not evident during the final year, 

when summer precipitation was 25% above the long-term average. After four years of N inputs, 

we performed a complementary water and N addition (4 kg N ha−1) laboratory experiment using 

soils collected from N field addition plots, which revealed elevated levels of nitric oxide 

emissions in N-treated soils. While periods of drought and above-average precipitation may have 

complicated responses to N, our study suggests that aridlands may be resistant to low levels of N 

deposition. Aridland resistance to N inputs may be due to their low capacity to retain N, which 

may be attributed to significant gaseous N losses.  
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INTRODUCTION 

Anthropogenic nitrogen (N) deposition, primarily linked to fossil fuel and intensive agriculture 

operations, is one of the most prominent factors driving global change (Phoenix et al., 2006; 

Bobbink et al., 2010). Across the globe, N inputs have driven dramatic changes to terrestrial 

ecosystem structure and function, such as reduced plant diversity (Payne et al. 2017; Midolo et al. 

2019) and changes to soil microbial community structure and activities involved in carbon (C) and 

nutrient cycling (Ramirez et al., 2012; Chen et al., 2018; Jia et al., 2020). However, across aridland 

(arid and semi-arid) N addition studies, conflicting responses associated with the possible 

insensitivity to N added at low doses (e.g., McHugh et al., 2017; Philips et al., 2021; Osborne et 

al., 2022a) and variable water availability (e.g., Brooks, 2003; Hall et al., 2011; Ladwig et al., 

2012) challenges our ability to predict the effects of N deposition in these ecosystems. Aridlands 

cover a third of Earth’s terrestrial surface (Plaza et al., 2018), play an important role in the 

interannual variability of the global C-cycle (Poulter et al., 2014; Ahlström et al., 2015), and are 

home to 18.5% of the world’s population (Millennium Ecosystem Assessment, 2005). Improving 

our understanding of the effects of N deposition in aridlands is critical in assessing their 

vulnerability and developing effective mitigation strategies in response to anthropogenic N 

deposition in these ecosystems. 

N is an important limiting resource across various ecosystems (LeBauer and Treseder, 

2008; Song et al., 2019; Li et al., 2022). However, ecosystem response to N inputs can vary due 

to factors such as differences in climate, edaphic properties, experimental duration, and N dose 

(e.g., Midolo et al., 2019; Zhou et al., 2017; Borer and Stevens, 2022). In particular, N addition 

dose often appears to strongly influence the magnitude and sometimes the direction of change 

(e.g., Zhou et al., 2017; Song et al., 2019). However, most simulated N deposition experiments 
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add N at high rates (Zhou et al., 2017; Song et al., 2019), thus limiting our understanding of the 

effects of low and possibly more realistic levels of N deposition.  

Relative to more mesic systems, aridlands have notably low soil N stocks (Plaza et al., 

2018) and are expected to be sensitive to even low levels of N inputs (Pardo et al., 2011; 

Sinsabaugh et al., 2015). However, some aridland N addition studies suggest aridlands are 

insensitive to N at low doses. For instance, many studies reporting significant changes to 

aridland ecosystem structure and function apply N at relatively high rates ≥50 kg N ha−1 yr−1, 

e.g., declines in plant diversity, shifts in plant community composition (Zeng et al., 2010; 

Vourlitis, 2017; Wheeler et al., 2021), and changes to soil microbial communities and function 

(Zhang et al., 2013; Yang et al., 2017; Püspök et al., 2023). In contrast, aridland studies 

simulating N at elevated but relatively low levels of N deposition report little to no change in 

plant communities or soil microbial community structure and function (2, 5, and 8 kg N ha−1 yr-1 

in McHugh et al., 2017, Philips et al., 2021, and Osborne et al., 2022a).  

 

Beyond N addition dose, aridland response to N inputs often depends on water availability 

(Hooper and Johnson, 1999; Yahdjian et al., 2011). In aridlands, rainfall is highly spatially and 

temporally heterogenous and is the primary driver of biological activities (Noy-Meir, 1973; Austin 

et al., 2004; Collins et al., 2008). In many aridland N addition studies, water availability, 

particularly periods of above-average rainfall, has been shown to strongly influence aridland 

response to N (e.g., Whitford and Steinberger, 2011; Ladwig et al., 2012; Wheeler et al., 2021). 

For instance, in the Mojave Desert, 32 kg N ha−1 yr−1 added for two years reduced species richness 

and biomass of native species and increased the biomass of alien plant species, but only during the 

second year, which experienced above average precipitation (Brooks, 2003). In the Chihuahuan 
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Desert, a long-term N addition study revealed that N added at a rate of 100 kg N ha−1 yr−1 only 

became limiting to above-net primary production following periods of above-average rainfall 

(Ladwig et al., 2012). Thus, contrasting responses between relatively wet and dry periods may 

complicate predictions of the effects of N deposition in these often water-limited ecosystems. 

 

To enhance our understanding of the effects of relatively low but elevated levels of N 

deposition in aridlands and to assess whether N addition effects depend on periods of high-water 

availability, we conducted a four-year field experiment that simulated low N deposition and 

enhanced water availability in three grassland sites within Carlsbad Caverns National Park  

(CAVE), in the northern Chihuauhan Desert. CAVE is in the Permian Basin, adjacent to oil and 

natural gas operations (Sullivan et al., 2016; Dix et al., 2020; Naimie et al., 2022). When designing 

this experiment, CAVE was modeled to be experiencing elevated levels of N deposition occurring 

in a gradient at a rate of 3.5 to 4.5 kg N ha−1 yr-1, and all three sites were established in the lower 

end of the modeled N deposition gradient (Fig. 1.2). During the first two years of this experiment, 

annual and monsoon season precipitation was well below average, with little effects of N addition 

treatments on plant and soil biogeochemical processes (Table S1.1; Fig. S1.1). Therefore, to assess 

whether N addition effects depend on water availability, we supplemented water (+55 mm) at one 

site during the third year of this experiment.  

 

We were interested in determining 1. if low but realistic simulated N deposition impacts 

plant community structure, soil ecosystem properties, and biogeochemical processes and 2. if N 

addition effects depend on periods of above-average water availability. For our first hypothesis, 

we predicted that our N amendments would follow effects observed across most aridland N 
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addition studies (see Chapter 2) by significantly altering plant community structure, soil ecosystem 

properties, and biogeochemical processes. In particular, we first hypothesized that N inputs would 

reduce plant diversity by enhancing dominant grass cover, including invasive perennial grass 

Eragrostis lehmanniana (which dominated one of the three sites). We also predicted that N 

additions would acidify soils and depress soil microbial biomass and extracellular enzyme 

activities, particularly activities involved in N cycling. For our second hypothesis, we expected N 

responses to be only evident during periods of above-average water availability. 

 

METHODS  

Site Description  

This study was conducted in three geographically adjacent (<5km apart) Chihuahuan Desert 

grasslands at Carlsbad Caverns National Park (CAVE), New Mexico, U.S.A. (32°10′31″N 

104°26′38″W). The mean annual temperature (MAT) in this region is typically 16.8° C, with a 

mean annual precipitation (MAP) of 378.7 mm, >60% of which falls during the summer monsoon 

(typically from July to September). Dominant grass species differed between sites, with one site 

dominated by an invasive C4 perennial bunchgrass E. lehmanniana (site hereafter referred to as 

Invasive Lovegrass), C4 native perennial grass Muhlenbergia setifolia (site hereafter referred to as 

Native Muhly), and C4 native perennial grass Bouteloua gracilis (site hereafter referred to as 

Native Grama site). While there were few plant species shared between sites, some shared species 

included C4 perennial grasses, B. gracilis, B. eriopoda, and forbs such as Thymophylla 

pentachaeta, Ditaxis neomexicana, Talinum spp., and Croton spp. All sites were situated on 

alluvial floodplains and shared similar soil parent material characterized as gravelly alluvium 

derived from limestone. (websoilsurvey.sc.egov.usda.gov/). Soils in all sites are characterized as 
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sandy-loam soils with average site pH ranging from 7.6 –7.8 (measured before the start of the N 

fertilization experiment) (Table S4.1). 

 

MAP and summer precipitation varied between years, with the first three years receiving 

considerably less summer rainfall than the 30-year normal from June to September (Table S1.1; 

Fig. S1.1). In  2018, 2019, and 2020 summer rainfall was 50%, 54%, and 71% less than the 30-

year normal for June- September (252 mm), respectively. The final year (i.e., 2021) received 25% 

more summer rainfall than the 30-year normal (Fig. S1.1).  

 

Field N Addition Experiment  

We established a field N addition experiment at each site before the start of the monsoon season 

in 2018 (3rd week of July). We based N addition treatments on modeled CAVE N deposition (~4 

kg N ha-1 yr-1; Fig. 1.2). N addition treatments included a background N deposition treatment 

(Ambient; ~4 kg N ha-1 yr-1), +N Low (+2 kg N ha-1 yr-1), +N High (+4 kg N ha-1 yr-1), and a labile 

C addition treatment, i.e., N reduction treatment (+C; +6 g of sucrose, C12H22O11) which was 

intended to assess N saturation by stimulating microbial N immobilization (Steers et al., 2011). N 

was applied as ammonium nitrate (NH4NO3), and C was applied as sucrose (C12H22O11). N 

addition treatments were dissolved in 2.25 L of water (equating to a 1 mm rainfall event) and 

sprayed evenly in all plots using a broadcast hand sprayer. Treatments were replicated five times 

in 1.5 m2 plots at each site (60 plots total). We ensured that plots were separated at a minimum 

distance of 1.5 m from other plots and large N-fixing plant species (e.g., Mimosa aculeaticarpa). 

We applied treatments once annually for four years (2018- 2021) before the start of the monsoon 
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season (mid-July). In 2021, the monsoon season began earlier than usual (early June). Therefore, 

N addition treatments in 2021 were applied during the monsoon season.  

 

Field N and Water Addition Experiment  

MAP and summer precipitation was well below average during the first two years of this 

experiment (2018 and 2019; Table S1.1; Fig. S1.1). Therefore, to assess whether N addition effects 

depend on water availability, we began adding supplemental water at one site (Native Grama) 

during the monsoon season in 2020. The amount of water added to each plot was intended to 

increase monsoon season rainfall by 30% based on a 75-year mean rainfall from July- September 

(182.9 mm; 1930-2005; National Weather Service Cooperative Network; Station ID #: 291480-7). 

For eight weeks (August to September), we added a total of 55 mm of water to each plot at the 

Native Grama site. Each watering event occurred once weekly, at the break of dawn, and equated 

to a 7 mm rainfall event (15.44 L per plot) using modified handheld 20 L planter watering cans. 

However, in 2020, the monsoon season was drier than in previous years (Table. S1.1; Fig. S1.1). 

Thus, even with water amendments, rainfall during the 2020 monsoon season was still well below 

the 30-year normal. We also planned to repeat the water addition treatment in 2021. However, a 

heavier and earlier-than-normal monsoon season resulted in flooding and road closures at the park, 

preventing us from accessing the water addition site by vehicle. However, summer rainfall in 2021 

was 25% higher than the 30-year normal (Fig. S1.1).  

 

Vegetation Sampling 

We measured plant cover annually during peak plant biomass (the first week of October in 2018- 

2020 and the first week of September in 2021). To avoid edge effects, plant cover measurements 
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excluded spaces within 10 cm of the edge of each plot. Plants were identified at the species level 

and were grouped into five functional groups: C4 perennial grasses (includes native and invasive 

grasses), perennial forbs, annuals (annual forbs and grasses), shrubs, and cacti. Relative percent 

plant cover was calculated by summing the total cover of all plants within a plot, then dividing the 

specific species (i.e., E. lehmanniana) or functional group by the plot's total cover.  

 

Plant Tissue Collection and Analysis  

During the final monsoon season of 2021 (i.e., September), we sampled green, fully mature leaves 

free of herbivore damage from plant species present across most plots within a site. To avoid edge 

effects, plant tissue collection excluded spaces within 10 cm of the edge of each plot  For the 

Invasive Lovegrass site, we sampled tissue from the dominant invasive C4 grass E. Lehmanniana, 

native perennial grass Lycurus setosus and perennial forb Sida abutilifolia. At the Native Muhly 

site, we sampled from the dominant native perennial grass M. setifolia and native forb Croton 

lindheimerianus tharpii. At the Native Grama site, we sampled from dominant native perennial 

grass B. gracilis and native forb C. pottsii. Leaf samples were dried at 50 °C, ground, and analyzed 

for foliar C (foliar % C) and foliar N (foliar % N) using a dry combustion C and N analyzer (ECS 

4010; Costech Analytical Technologies, Valencia, California, USA). 

 

Soil Sampling  

Each year (except in 2018), we collected soils at three time points: pre-monsoon (early June), 

monsoon (early September), and winter (early February). Soils were randomly collected from each 

plot (omitting spaces within 10 cm of the edge of each plot) using a 1.9 cm diameter soil corer at 

a depth of  5 cm. Soil moisture was also measured at a depth of 12 cm during each soil collection 
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period using a soil moisture probe (HydroSense II Soil Moisture Measurement System, Campbell 

Scientific, Thuringowa Central, QLD, Australia). Following collection, we homogenized the soil 

samples and passed them through a 2 mm sieve. Soil samples were maintained at 4 °C until further 

processing (stored for a maximum of 72 hours). Within 24 hours, we froze a subsample at -80 °C 

for later analysis of soil microbial extracellular enzyme potentials. 

 

Soil Ecosystem Properties  

Soil pH was measured from soils sampled during the monsoon sampling season of each year using 

a 2:1 slurry (dH2O: soil). Available soil nutrients nitrate (NO3-), ammonium (NH4+), phosphate 

(PO43-), extractable organic carbon (EOC), and extractable total nitrogen (ETN) were measured 

during all seasons and years. We obtained nutrient, EOC, and ETN extracts by shaking 5 g of fresh 

soil in 0.5 M K2SO4 for two hours and filtering through glass filter paper. All nutrients were 

assessed using colorimetric microplate assays (BioTEK SynergH.T.HT, Winooski VT, USA). We 

analyzed available soil NO3- -N using a modified Griess reaction (Doane and Horwáth, 2003), soil 

NH4+-N using the Berlethot reaction protocol (Rhine et al., 1998), and PO43- -P using a malachite 

green assay (D’Angelo et al., 2001). We measured EOC and ETN using a Shimadzu analyzer 

(TOC-VCPN; Shimadzu Scientific Instruments Inc., Columbia, MD, USA). Soil % organic C (soil 

%OC) and soil % N (soil %N) were measured once annually from soils collected during the 

monsoon sampling period. Soil %OC and soil %N samples were dried at 50 °C, ground, and treated 

for carbonates using an HCl fumigation protocol (Harris et al., 2001) and then analyzed using a 

dry combustion C and N analyzer (ElementarPyroCube®) 

 

Soil Microbial Biomass 
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Microbial biomass carbon (MBC), microbial biomass nitrogen (MBN), and microbial biomass 

phosphorous (MBP) were assessed using a modification of the chloroform fumigation-extraction 

technique (Brookes, 1985). We incubated 5 g of fresh soil in 2 mL of ethanol-free chloroform for 

24 hours at room temperature. Then we extracted fumigated soils and analyzed them for EOC, 

ETN, and PO43--P (as described above). MBC, MBN, and MBP were calculated as the difference 

between non-fumigated EOC, ETN, and PO43--P concentrations and fumigated  EOC, ETN, and 

PO43--P concentrations, respectively.  

 

Soil Microbial Extracellular Enzymes 

Soils collected during the monsoon season of each year were examined for hydrolytic and 

oxidative enzyme potential activities using standard high-throughput microplate protocols (Saiya-

Cork et al., 2002; McLaren et al., 2017). Hydrolytic extracellular enzyme potentials included 

enzymes involved in C-cycling: α-Glucosidase (α-gluc), β-glucosidase (β-gluc), cellobiohydrolase 

(Cello), and β-xylosidase (Xylo), N-cycling: leucyl aminopeptidase (LAP) and NAG, and P-

cycling: acid phosphatase (Phos) and phosphodiesterase (phos-D). We also measured oxidative 

enzymes peroxidase (Perox) and phenol oxidase (Phenol), which aid in the decomposition of 

recalcitrant organic matter. Immediately before each measurement, we thawed 1g of frozen (stored 

at -80 °C) soil samples at room temperature. Samples were then blended with 125 mL of modified 

universal buffer at a pH ranging from 7.7 to 7.9 (depending on pH for a given year). Soil slurries 

were pipetted into 96-well plates containing eight analytical replicates per sample. Fluorescing, 4-

methylum-belliferone (MUB) tagged substrate (β -D-glucoside, β -D-cellobioside, N-acetyl- β -D-

glucosaminide and phosphatase) or 7- amino-4-methylcoumarin (MC) tagged substrate (Leucine 

amino peptidase) were added to each hydrolytic enzyme assay. Hydrolytic enzyme assays were 
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incubated at room temperature (20 °C) for 4 hours and 30 minutes, with measurements taken every 

45 minutes to ensure a linear rate of reaction. Background fluorescence was measured for each 

soil, substrate, and quenching of MUB or MC (LAP only) by soils, and we used MUB/MC standard 

curves to calculate the rate of substrate hydrolyzed. Oxidative enzyme analysis was performed 

using L-3,4 dihydroxyphenylalanine (L-DOPA) as substrate and incubated in the dark for 25 hours. 

Sample fluorescence of hydrolytic enzymes and oxidative enzyme color absorbance was measured 

at 360 nm excitation and 460 nm emission, respectively, using a BioTek Synergy HT microplate 

reader (BioTek Instruments Inc., Winooski, VT, USA). 

 

N-Mineralization, Nitrification, and Ammonification Laboratory Incubation Experiment  

During the monsoon of 2019 (September), we collected soils from all experimental plots to 

perform a 30-day laboratory incubation experiment to assess potential N mineralization, 

nitrification, and ammonification. Following collection, we passed the soils through a 2mm sieve 

and established the experiment within 24 hours of collection. For the incubation, we weighed 10 

g of dry-equivalent soil into 50-mL centrifuge tubes and added deionized water  to bring soils to 

60% water holding capacity (WHC). We incubated the soils at room temperature (20 °C) with 

centrifuge tube lids loosely fitted to reduce soil moisture evaporation losses for 30 days. 

Throughout the 30-day incubation, we maintained soils at 60 % WHC by supplementing deionized 

water every two days (Allen and Schlesinger, 2004). We determined initial (at the time of 

collection) and final inorganic N concentrations following the extraction and nutrient analysis 

methods for NO3
− and NH4

+ (as described above). Net nitrification and ammonification were 

calculated as the difference between final and initial NO3--N or NH4+-N concentrations (i.e., final 
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– initial NO3- or NH4+ concentrations) (Finzi et al., 2006). Net N mineralization was calculated as 

the sum of nitrification and ammonification.  

 

NOx Potential Laboratory Incubation Experiment  

In the final year of the study, we performed a laboratory incubation experiment using soils 

collected from the N fertilization field experiment to measure NOx (NOx= NO + NO2) potential 

soil gas emissions. We collected soils from plant interspaces in October 2021 (4 years after 

fertilization treatments began) from Ambient, +N low, and +N High treatment plots at all sites. At 

the time of collection, plants were fully senesced, and soils were fully dry. Following collection, 

soil samples were homogenized, passed through a 2 mm sieve, and stored at room temperature 

until the start of the incubation experiment. Less than 24 hours before the start of the incubation 

experiment, we measured initial concentrations of available soil NO3-, NH4+, and PO4- (as 

described above). We weighed 300 g of soil into pint-sized acid-washed glass mason jars for 

incubation. In the laboratory, we treated soils with water (DI) or N at levels equating to our +N 

high N field treatment (+N high; 4 kg N ha-1 yr-1). Both treatments added water, which brought 

soils to 20% WHC (i.e., adding either 33 mL of DI or 33 mL of DI + NH4NO3 ). Immediately after 

adding each treatment, we incubated the soils at room temperature (20 °C) in the dark for 1 and 24 

hours, with lids loosely fitted. At 1 and 24 hours, we measured NO and NO2 fluxes using a 

chemiluminescent NOx analyzer (Model T200UP, Teledyne API, USA) dynamic flow-through 

system. Compressed air containing ambient air flowed through a sealed glass jar containing the 

treated soils. We recorded the difference between the NO and NO2 concentrations (nmol mol-1) at 

steady state, which was typically reached within 1-2 minutes, and the background NO and NO2 

from the air source (typically ~0 nmol mol-1 for both NO and NO2) (Moyes et al. 2010; Hall et al., 
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2018). To calculate NO flux, NO concentration differences between the steady-state airstream 

going through the jar and the background concentrations were multiplied by the measured gas flow 

rate (~0.9 L/min at STP) and divided by the molar density of air (22.41 mol/L). We converted 

these fluxes to area-specific units using the bulk density of the soil (1.41 g cm3) and the depth of 

the soil core (5 cm). 

 

Statistical Analyses 

We conducted all statistical analyses using R statistical software version 4.1.2 (R. Development 

Core Team, 2021) and R studio (RStudio Team, 2021). Data figures were constructed using the 

ggplot2 package (Wickham, 2016). 

 

The sampling scheme for all response variables is summarized in Table S4.2. To 

investigate the effects of N addition on responses that were repeatedly measured over time, we 

performed mixed-effects models (LMM) or generalized linear mixed-effects models (GLMM) for 

non-Gaussian distributions using the glmmTMB R package (Brooks et al., 2017). We performed 

data exploration by following the protocol described in Zuur, Ieno, and Elphick (2010). All mixed-

effects model analyses included a random effect to account for repeated measures of each plot 

(Barr et al., 2013). Mixed effects model evaluation was based on an information-theoretic 

approach using Akaike’s Information Criterion corrected for small sample size (AICc, Akaike, 

1978; Burnham and Anderson, 2002). Beginning with the maximal model, we used backward step-

wise model selection (REML = FALSE for Gaussian models) to eliminate variables that resulted 

in less than 5 AICc change (Pinheiro and Bates, 2000; Zuur et al., 2009). The best fitting, simplest 

model was selected based on a 5 AICc improvement. Model validation for LMMs (i.e., normality 
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and homogeneity of residuals) was conducted using the ‘Diagnostics for HierArchical Regression 

Models’ (DHARMa) package (Hartig, 2021). For GLMMs, model validation involved plotting 

Pearson residuals against fitted values for all covariates used and not used in the model (Zuur et 

al., 2009). We report maximal models, final models, and respective model distribution links, e.g., 

Gaussian (link= identity), beta (link= log), and Gamma (link =log), in supplementary tables (Table 

S4.3 to S4.9). We used the car package and ANOVA function to compare glmmTMB model fixed 

effects using the Wald χ2 statistic (Type II) and the emmeans function from the R package 

EMMEANS (Lenth, 2020) to conduct Tukey post hoc comparisons. For responses that were 

measured during the monsoon, pre-monsoon, and winter seasons of each year (except for the first 

year, where these variables were only measured during the monsoon season; see Table S4.2), we 

tested the effects of N addition treatments, site, season, and year. For responses only measured 

once per year, we tested N addition treatments, site, and year (see Table S4.2). For the NOx 

incubation experiment, we tested the effects of laboratory N addition treatments, field N addition 

treatments, site, and incubation period (1 or 24 hrs.). We calculated Shannon's diversity (H) and 

species richness (SR) using the VEGAN R package (Oksanen et al., 2022). The severe drought in 

2020 resulted in near-zero values for plant cover across most plots and sites. Therefore, we omitted 

all 2020 plant data from analyses. Cacti and shrub functional groups were not consistently present 

across plots and sites and thus were not analyzed. Annual plant species cover was also not 

consistently present across plots and sites during the first three years of this experiment. However, 

annual species cover increased dramatically across all sites during the final year. Therefore, annual 

species response measures were only analyzed during 2021 using a two-way ANOVA with the 

main factors of N addition and site.  
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For response variables with a single sampling period (see Table S4.2), we used a two-way 

ANOVA with the main factors of N addition and site. We assessed two-way ANOVA model 

residuals for normality using quantile-quantile (Q-Q) plots (Kozak and Piepho, 2018). Data that 

did not meet ANOVA model assumptions were log-transformed, and interaction terms were 

removed if they were not significant. ANOVA pair-wise comparisons were performed using Tukey 

HSD post hoc tests (package EMMEANS). We determined significance at α= 0.05 for all data. 

 

RESULTS 

Plant Community  

Few vegetation cover responses were significantly affected by our N addition treatments and 

mainly differed by site and year (Table 4.1; Fig. 4.1). Total vegetation cover had a treatment-by-

year interaction with lower cover under +N low treatment (relative to Ambient), but only during 

the first year (Table S4.3; Fig. 4.1a). C4 perennial grass cover was not significantly affected by 

any of our N addition treatments but varied by site and year (Table S4.3; Fig. 4.1b). In general, C4 

perennial grass cover was greatest during the first two years of this experiment across all sites and 

lowest following the severe 2020 summer drought but only in the Native Muhly and Invasive 

Lovegrass site (Table S4.3; Fig. 4.1c). Perennial forb cover had a treatment-by-site and a site-by-

year interaction, with greater cover under the +C addition treatment compared to the ambient but 

only in the Invasive Lovegrass site (Table S4.3; Figure 4.1b). Annual species cover was low across 

all plots and sites during the first three years of this experiment and thus was only analyzed during 

the final year when annual species cover increased dramatically (Table S4.3). There were no 

significant differences in annual species cover between N addition treatments, but annual species 

cover differed by site (Table S4.3; Fig. 4.1b,c). Relative cover for E. lehmanniana was only 
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assessed in the Invasive Lovegrass site, which was the only site where it was present. E. 

lehmanniana was not significantly affected by N addition treatments (Fig. 4.1d) but differed by 

year, with significantly lower cover following the 2020 drought, relative to 2018 and 2019 (Table 

S4.3; Figure S4.1b).  

Table 4.1. Summary of responses to a 4-year (2018- 2021) field N simulation experiment in the northern 
Chihuahuan Desert. (+) indicates a significant positive effect, and (-) indicates a significant negative effect (p< 
0.05; see supplementary tables S4.3- S4.8 for statistical details).  

 

 

Response 
category 

Response variable Significant factors +C +N low +N high 

Relative %  Total Treatment: Year, Site: Year  - (2018)  
Cover C4 grasses (all) Site: Year    

 Perennial forbs Treatment: Site, Site: Year 
+ (Invasive 

lovegrass)   

 Annuals Site    
 E. lehmanniana  Year    

H All Site: Year    
 C4 grasses (all) Site: Year    
 Perennial forbs Site: Year    
 Annuals Site    

SR  Site: Year    
Foliar  %C Site: Functional Group    

 %N Treatment: Site: Functional Group  + (Forbs Native 

Grama)  
Soil ecosystem  pH Site: Year    

properties NO3- Season, Treatment: Year, Site: Year  - (2019)  
 NH4+ Site: Season, Site: Year    
 PO43- Site: Season, Site: Year    
 EOC Site: Season, Site: Year    
 ETN Site: Season, Site: Year    
 %OC Site: Year    
 %TN Site: Year    

Microbial  MBC Site: Season, Site: Year    
biomass MBN Season, Site: Year    

 MBP Year, Site: Season    
Extracellular  β-cello Site: Year    

enzymes β-gluc Site: Year    
 α-gluc Site: Year    
 β-xylo Site: Year    
 NAG Site: Year    
 LAP Site: Year    
 Phos Site: Year    
 Phos-D Site: Year    
 Phenol Site: Year    
 Perox Site: Year    



 

68 

 

Fig. 4.1. Boxplots of total % plant cover (A), relative % cover of plant functional groups separated by site and 
N addition treatment (B), relative % cover of plant functional groups separated by site and year (C), and relative 
% cover of Eragrostis lehmanniana (D) in a 4-year field N addition experiment conducted in the Chihuahuan 
Desert N.M. USA. Statistical analyses did not include the Monsoon 2020 sampling period. Shrub and cacti 
functional groups were not analyzed as they were not consistently present in plots. Annual species were also not 
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consistently present across plots from 2018 and 2019, thus, was only analyzed in 2021. Exotic C4 grass E. 
lehmanniana was only present and analyzed in the Invasive Lovegrass site. Bold lowercase letters indicate 
significant treatment effects (estimated marginal means, p<0.05). See the top left or legend for significant main 
and interaction effects (significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1.).   
 
 

None of our measured plant diversity metrics were affected by N addition treatments and 

mainly varied by site and year (Table 4.1; Fig. S4.2). Shannon’s diversity (H) had a site-by-year 

interaction, with the greatest H observed in 2021 but only in the Native Muhly and Invasive 

Lovegrass sites (Table S4.4; Fig. S4.2a). H for C4 perennial grasses and perennial forb functional 

groups were not significantly affected by N addition treatments (Fig. S4.2c,d,e) but varied by site 

and year with greater H for C4 perennial grasses in 2021 (Table S4.4: Fig. S4.3c) and greater H 

for perennial forbs in 2021 but only in Native Grama site (Table S4.4; Fig. S4.3d). H for annual 

species was only analyzed in 2021 but also did not differ between N addition treatments and only 

differed by site (Table S4.4; Fig. S4.3e). SR did not differ between N addition treatments (Table 

S4.4; Fig S4.2b) but showed a significant year-by-site interaction, with the greatest SR observed 

in 2021 across all sites and the lowest SR in 2019 but in the Invasive Lovegrass site only (Table 

S4.4; Fig. S4.3b). Foliar %C did not differ between treatments (Table S4.4; Fig. S4.2f). Foliar 

%N had a three-way interaction between treatment, site, and functional group, showing greater 

foliar %N content (relative to the +C treatment) in forbs but only at the Native Grama site (Table 

S4.4; Fig. S4.2g). 

 
Soil Ecosystem Properties 

There were very few transient effects of N addition treatments on soil ecosystem property measures 

(Table 4.1; Fig. 4.2). The only treatment effect was lower soil NO3- in the +N low plots relative to 

ambient, but only in 2019 (Table S4.5; Figure 4.2b). All other soil ecosystem response differences 

depended on site, season, and year (Table S4.5; Fig. S4.4. For instance, soil pH was generally 
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greatest during the year with the lowest rainfall (i.e., 2020; Table S4.5; Fig. S4.4a), and soil 

nutrients, EOC, and ETN concentrations were greatest during the lowest (2020) and highest (2021) 

rainfall years (Table S4.5; Fig. S4.4c,d,e,f).  

 

Fig. 4.2. Boxplots of soil ecosystem properties: soil pH (A) available soil nitrate (NO3
-, B), ammonium (NH4

+, 
C), phosphate (PO4

3-, D), extractable organic carbon (EOC, E), extractable total nitrogen (ETN, F), soil %OC 
(G), and soil %N (H) in a 4-year N addition experiment conducted three adjacent Chihuahuan Desert grasslands, 
N.M. USA. Bold lowercase letters indicate significant treatment effects (estimated marginal means, p<0.05). 
See the top left or legend for significant main and interaction effects (significance codes:  *** < 0.001, ** p<0.01, 
* p< 0.05, . p<0.1).   
 

Soil Microbial Responses  



 

71 

N addition treatments did not significantly affect soil microbial biomass or extracellular enzyme 

activities, with differences best explained by site, season, and year (Table 4.1; Table S4.6; Table 

S4.7; Fig. 4.3). In general, microbial biomass (MBC, MBN, and MBP) was greatest during the 

highest rainfall year (Table S4.6; Fig. S4.5). Hydrolytic enzyme activities involved in C, N, and P 

cycling were elevated in 2019 and 2021, with greater oxidative enzyme potentials during 2019 and 

2020 (Table S4.7; Fig. S4.7).  

 

Fig. 4.3. Boxplots of soil microbial biomass carbon (MBC, A), soil microbial biomass nitrogen (MBN, C), 
microbial biomass phosphorus (MBP, D), and select extracellular enzyme activities involved in C (β-
glucosidase, β-gluc, B), N (leucine aminopeptidase, LAP, D), and P-cycling (phosphatase, Phos, F) in a 4-year 
N addition experiment conducted three adjacent Chihuahuan Desert grasslands, N.M. USA. See	the	top	left	of	
each	response	for	significant	main	and	interaction	effects	(significance codes:  *** < 0.001, ** p<0.01, * p< 
0.05, . p<0.1).	For the full suite of enzyme activity responses to N additions, see Fig. S4.6.  

 

N-Mineralization, Nitrification, and Ammonification (Incubation Experiment) 

At the start of the incubation, initial inorganic N concentrations (NO3
− and NH4

+) did not differ 

between N addition treatments (Table S4.8; Fig. S4.8), but there were some field N addition 
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treatment differences for net N mineralization, nitrification, and ammonification (Table S4.8; Fig. 

4.4). Relative to field Ambient soils, net N mineralization and nitrification were lower in +N low 

field soils (Table S4.8; Fig.4.4b,c). Net ammonification had a treatment-by-site interaction that 

showed greater ammonification in +N low treatment relative to the ambient and +C treatments, 

but only in the Invasive Lovegrass site (Table S4.8; Fig. 4.4c).  

 

 

Fig. 4.4. Boxplots of N-mineralization (A), net nitrification (B), and net ammonification (C)  in a 30-day 
laboratory incubation experiment, and nitric oxide (NO) efflux (D) in a 1 and 24-hour laboratory incubation 
experiment. Soils in the 30-day laboratory incubation experiment were treated in the field with N addition 
treatments (Ambient,  +C, +N low, and +N high) for 2 years and incubated at room temperature at 60% WHC. 
Soils used in the 1 and 24-hour incubation experiment assessed NO efflux field Ambient, +N low, and +N high 
soils after 4 years of treatment. In the laboratory, soils were treated with deionized water (DI) or N (+N high), 
incubated at 20% WHC, and NO efflux was measured at 1 and 24 hours. Bold lowercase letters indicate 
significant treatment effects (estimated marginal means, p<0.05). See the top left for significant main and 
interaction effects (significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1).   
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NOx Incubation Experiment

Initial NO3- concentrations differed by site and field N treatments, with lower NO3- in both +N low 

and +N high field treatments relative to the ambient field treatment (Table S4.9; Fig. 4.9a). Initial 

NH4
+ and PO43- did not differ between field N treatments but did differ by site (Table S4.9; Fig. 

S4.9b,c). Most NO2 measurements were below detectable levels for both 1hr and 24hr incubation 

periods and thus were not analyzed, but NO efflux differed between both field N and laboratory N 

addition treatments (Table 4.1; Table S4.9). NO efflux had a three-way interaction between 

laboratory N treatment (i.e., DI or +N high), field N treatments (i.e., Ambient, +N low, and +N 

high), and laboratory incubation period (i.e., 1 hour and 24 hours) (Table S4.9). This three-way 

interaction showed greater NO emissions from field N addition treatment soils (+N low and +N 

high) relative to Ambient field soils, but only at 24 hours and under the laboratory DI addition 

treatment (Fig. 4.4d). 

 

DISCUSSION 

This study explored the effects of simulated low-dose N deposition (0, 2, 4 kg N ha-1 yr-1) on plant 

communities, soil ecosystem properties, and biogeochemical processes in three semi-arid 

Chihuahuan Desert grassland sites and whether N effects depended on periods of above-average 

water availability. Overall, periods of drought and above-average precipitation may have 

complicated responses to N. Nevertheless, contrary to our first hypothesis, experimental N inputs 

were rarely an important factor driving differences in plant community structure, soil ecosystem 

properties, and soil microbial biomass and activities. Our study also did not support our second 

hypothesis, as we did not observe any interactive effects between N additions, supplemental water 

additions, and years that naturally experienced above-average rainfall. During the final year of our 
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field experiment, we performed a complementary laboratory water and N addition incubation 

experiment using soils from our Ambient, +N low, and +N high field plots. This incubation 

experiment revealed that N inputs might be readily lost as NO emissions in our study ecosystem. 

 

Simulated N inputs had little to no effect on plant communities, soil ecosystem properties, 
and biogeochemical processes 
 
Overall, N addition treatments had few transient effects on our plant community measures. The 

overall lack of effect on plant communities contrasts other aridland N addition studies that report 

significant changes to vegetation with N inputs, such as enhanced foliar N content (Hall et al., 

2011; Reichmann et al., 2013; Yahdjian et al., 2014), diversity declines (Brooks, 2003; Nui et al., 

2018; Wheeler et al., 2021), and enhanced growth of dominant annual and grass species (Mun 

and Whitford, 1989; Nui et al., 2018; Wheeler et al., 2021), including alien plant species (e.g., 

Brooks, 2003; Schwinning et al., 2005; Rao and Allen, 2010; Vourlitis, 2017). The lack of N 

addition effects on our plant community measures could be because of the relatively low amount 

of N we added. For instance, N-induced soil acidification can result in the loss of soil base cation 

and increased availability of toxic soil metals (Bobbink et al., 2010; Tian and Nui, 2015) and is 

considered a prominent driver of change in plant communities (Pardo et al., 2011; Simkin et al., 

2016), However, across N addition studies globally, soil pH often decreases linearly with N 

addition rates, with significant acidification occurring at N inputs rates greater than 50 kg N ha−1 

yr−1 (Tian and Niu, 2015). While aridland N addition studies applying N at relatively low rates 

are limited relative to those adding N at high rates, our findings coincide with other low-dose 

aridland N addition studies that report no significant changes to aridland plant communities (e.g., 

2, 5, and 8 kg N ha−1 yr−1 in Philips et al., 2021). However, as we only measured vegetation 

cover during the monsoon season, seasonal changes to plants with N inputs may have been 
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overlooked. For instance, in other Chihuauhan Desert N addition experiments, N reduced 

diversity and increased the growth of winter or spring annuals (Gutierrez et al., 1988; Ludwig et 

al., 1989; Mun and Whitford, 1989). These studies, however, applied N at much higher rates than 

in the present study (100 kg N ha-1 yr-1 compared with our 2 and 4 kg N ha-1 yr-1, in Gutierrez et 

al., 1988, Ludwig et al., 1989, and Mun and Whitford, 1989).  

 

Field N additions also had few and often transient effects on our measured soil ecosystem 

properties, soil microbial biomass, and extracellular enzyme activities. The overall lack of soil 

responses from our field study contrasts other aridland N addition studies that report changes to 

soil ecosystem properties and soil microbial biomass and function, such as enhanced soil 

inorganic N, declines in soil microbial biomass (e.g., Li et al., 2010; Bi et al., 2012; Wang et al., 

2020), as well as changes to extracellular enzyme activities such as enhanced C and P cycling 

enzymes (Stursova et al., 2006; Zeglin et al., 2007) and depressed N- cycling enzyme activities 

(Stursova et al., 2006; Wang et al., 2020). Additionally, while microbes may be C-limited, our 

+C addition treatment did not stimulate microbial N immobilization as observed in other aridland 

studies (Gallardo and Schlesinger, 1995; Schaeffer and Evans, 2005; Choi et al., 2022).  

 

The only effect observed in our field study was lower soil NO3- under the +N low 

treatment, but only during the second year of this experiment (i.e., 2019). Here, lower soil NO3- 

may be due to multiple reasons, such as enhanced plant N uptake (e.g., Hall et al., 2011; 

Reichmann et al., 2013), increased soil microbial N immobilization (e.g., Choi et al., 2022) or N 

losses via leaching or gaseous N losses (e.g., McHugh et al., 2017; Osborne et al., 2022a; 

Krichels et al., 2022). However, while we only measured foliar N during the final year of this 
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experiment, we found no effects on foliar N content with N addition treatments (relative to 

control). There were also no significant differences in MBN (i.e., N immobilization) with our N 

amendments. N leaching losses may have also been unlikely, as there was no indication of N 

accumulation even during the year which experienced severe summer drought (i.e., -71% of the 

30-year normal in 2020), which contrasts other aridland studies reporting significant inorganic N 

accumulation during dry periods (Vourlitis, 2017) even at relatively low simulated N deposition 

levels (e.g.,10 kg N ha-1 yr-1 in Stursova et al., 2006).  

 

N enrichment can influence N transformation processes, such as N2 fixation, N 

mineralization, nitrification, and denitrification (Li et al., 2010; Ochoa-Hueso et al., 2014), 

which can have important implications for soil N balance. In our 2019 complementary 30-day 

laboratory incubation experiment, we found that the +N low treatment resulted in lower net N 

mineralization, with overall declines linked to lower nitrification (a process that converts NH4+ to 

NO3-). N inputs in a Mediterranean semi-arid ecosystem also negatively affected N 

mineralization and nitrification rates (Ochoa-Hueso et al., 2014). However, unlike Ochoa-Hueso 

et al. (2014), which linked N mineralization and nitrification declines to soil NO3- 

concentrations, initial soil NO3- in our incubation experiment did not significantly differ between 

treatments. Nonetheless, given that effects in the field were rare and transient, ecosystem 

properties and soil microbial processes appear insensitive to N inputs.  

 

Like our plant measures, the overall lack of effect on our soil ecosystem properties and 

biogeochemical measures may have been primarily due to our experimentally low N addition 

doses. For instance, many aridland studies reporting significant changes to soil chemical 
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properties and microbial processes add N at relatively high rates, with responses often linked to 

significant declines in soil pH (e.g., >50 kg N ha-1 yr-1 in Li et al., 2010; Zhang et al., 2013; 

Wang et al., 2020). In contrast, our findings were similar to other aridland N addition studies 

conducted in the Colorado Plateau, which added N at relatively low rates and reported little to no 

effect on a suite soil ecosystem property and soil microbial measures (e.g., 2, 5, and 8 kg N ha-1 

yr-1 in McHugh et al., 2017 and Osborne et al., 2022a). In the Chihuahuan Desert, applications of 

10 kg N ha-1 yr-1 strongly influenced extracellular enzyme activities; however, this effect was 

linked to aridity and soil properties which allowed N to accumulate during periods of scarce 

precipitation (Stursova et al., 2006). 

 
Enhanced water availability did not promote responses to simulated low-dose N deposition, 
but multi-year drought and extremely low to above-average summer rainfall may have 
complicated responses to N 
 
Many aridland N addition studies show responses to N during above-average rainfall (Chapter 

2). Our water addition treatment aimed to increase summer monsoon precipitation by 30% 

(+55mm). However, as summer rainfall during the year we added water was 70% below the 30-

year normal, combined rainfall and supplemental water additions were still well below the long-

term average (~50% rainfall deficit relative to the 30-year normal). However, the following year 

(i.e., 2021), above-average summer rainfall (+25% of the 30-year normal) still did not induce an 

N addition effect.  

 

In aridlands, altered precipitation regimes, including shifts in precipitation seasonality 

and dry and wet extremes, have considerable implications on ecosystem structure and function 

(Nielsen and Ball, 2015; Griffin-Nolan et al., 2019; Holguin et al., 2022). In our study, multi-

year drought (2018- 2020), as well as extreme low (2020) and above-average (2021) summer 
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rainfall, may have complicated responses to N addition treatments. For instance, while the first 

two years also experienced drought, a severe drought in 2020 resulted in near-zero live plant 

cover. The following year, above-average summer rainfall and earlier than typical monsoon 

season rainfall (~1.5 months earlier) may have also driven significant changes in our study 

ecosystem, including the shift from the dominance of perennial grasses in 2018 and 2019 to high 

annual plant species cover in 2021. As aridland dynamics are first governed by water availability 

(Noy-Meir, 1973; Austin et al., 2004; Collins et al., 2014), it is likely that the effects due to other 

global change stressors, e.g., N deposition, may be masked by chronic water limitation and 

extreme climate events in these ecosystems.  

 

N inputs may be lost via gaseous N loss 

Enhanced N availability can stimulate N cycling activities that emit gaseous N, e.g., biotic 

processes such as nitrification and denitrification and abiotic processes such as ammonia (NH3) 

volatilization and chemodentification. In our complimentary NOx laboratory incubation 

experiment, N addition field soils released greater NO emissions than field ambient soils. Rapid 

gaseous N loss may help to explain why we did not detect differences in soil N pools (e.g., soil 

inorganic N, ETN, MBN, foliar N, which were tested 1 to 2 months following fertilization), as N 

inputs may have been readily lost from the system. Enhanced gaseous N emissions with N 

amendments have been observed in other aridland N addition studies (e.g., Hartley and 

Schlesinger, 2000; McHugh et al., 2017; Eberwein et al., 2020; Krichels et al., 2022). N gas 

emissions are considered a dominant pathway of N loss in drylands (Peterjohn and Schlesinger, 

1990; Homyak et al., 2016) and may explain aridland resistance to N amendments, particularly at 

lower N doses.   
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CONCLUSIONS 

Our findings suggest that Chihuahuan Desert grassland plant communities, soil ecosystem 

properties, and soil microbial activities are insensitive to low-dose N inputs even during years 

experiencing above-average precipitation. However, given the importance of water availability in 

aridlands, drought and extreme climate events throughout the field study may have complicated 

responses to N. Aridlands worldwide are expected to experience dramatic shifts in climate 

regimes (e.g., Seager et al., 2007; Pascale et al., 2017; Bradford et al., 2020), which may make it 

exceedingly difficult to assess the vulnerability of these ecosystems to other global change 

stressors. Nevertheless, the overall lack of response to N in our field experiment and findings 

from our NOx laboratory incubation experiment suggests that this ecosystem is overall resistant 

to low levels of N deposition, as N inputs may be readily lost via gaseous N emissions. 

Heightened gaseous N loss has important implications for air quality in aridland ecosystems 

experiencing elevated levels of N deposition (e.g., in Carlsbad Caverns National Park; Naimie et 

al., 2022) and may also offer insight into why some aridland ecosystems appear insensitive to 

low N inputs.  
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CHAPTER 5: THE INTERACTIVE EFFECTS OF ERAGROSTIS LEHMANNIANA 
REMOVALS AND SIMULATED NITROGEN DEPOSITION IN THE NORTHERN 
CHIHUAHUAN DESERT  

ABSTRACT 

Exotic plant invasions can drive considerable changes in terrestrial ecosystems by reducing plant 

diversity and altering soil microbial community structure and function. Non-native plant invasions 

have been attributed to factors such as changes to competitive interactions between invasive and 

native plant species as well as environmental change stressors, such as nitrogen (N) deposition. 

However, management and predictions regarding the spread of non-native plants in drylands are 

challenged due to the need for more in-depth information on the interaction between changing 

environmental conditions and plant invasions. Here we performed a four-year exotic grass 

(Eragrostis lehmanniana) removal, recovery, and N addition field study in a Chihuahuan Desert 

grassland dominated by E. lehmanniana. We were interested in determining: 1. How the presence 

and removal of E. lehmanniana impact plant community structure, soil ecosystem properties, and 

biogeochemical processes, and if effects persist when removals cease. 2. If N deposition intensifies 

the effects of E. lehmanniana or impedes E. lehmanniana removal efforts. We found that removing 

E. lehmanniana enhanced C4 native grass cover, perennial forb cover, and diversity but exerted 

little to no effect on a suite of soil ecosystem properties and biogeochemical processes. 

Additionally, most positive plant community responses only occurred during years when E. 

lehmanniana was actively removed. However, plant community responses to removals were likely 

complicated by severe drought and above-average summer precipitation that occurred during years 

when E. lehmanniana removals ceased. We also found no interactive effects between E. 

lehmanniana removal and N addition treatments, with very few main effects of N addition. Beyond 

E. lehmanniana removal and N input effects, the most significant control over E. lehmanniana 

cover appeared to be climate, where E. lehmanniana cover significantly declined following the 



 

82 

most severe summer drought and did not rebound despite above-average summer rainfall occurring 

the following year. Our findings suggest that while E. lehmanniana exerts strong effects on native 

plant communities, but its presence and removal have little effect on soil ecosystem properties and 

processes, at least in the short term. Additionally, our study suggests that the current extent and 

future spread of E. lehmanniana in the Chihuahuan Desert may not be driven by low levels of N 

deposition, though it is uncertain if  E. lehmanniana will benefit from higher N deposition levels. 

Lastly, we encourage land managers and future research to consider how extreme climate 

conditions may impede or facilitate E. lehmanniana expansion.  
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INTRODUCTION 

Non-native plant invasions threaten biodiversity, ecosystem functioning, and ecosystem services 

worldwide (Vila et al., 2011; Torres et al., 2021; Xu et al., 2022). Drylands have been experiencing 

non-native plant invasions at alarming rates (Williams and Baruch, 2000; Hoover et al., 2020; 

Burruss et al., 2022). Non-native plant invasion and spread can be attributed to several factors, 

such as shifts in competitive interactions between non-native and native plant species (Vila et al., 

2011; Oduor, 2013), as well as environmental change stressors, such as climate change and 

nitrogen (N) deposition (Williams and Baruch, 2000; Fenn et al., 2003; Burruss et al., 2022). 

However, in drylands, management and estimations of the current and future extent of non-native 

plant species are challenged due to the need for more in-depth information on environmental 

factors (e.g., climate, soils, and disturbance) and often-species-specific mechanisms that may 

constrain or promote expansion (Mau-Crimmins et al., 2004; Burruss et al., 2022). Improving our 

understanding of the drivers and environmental conditions that facilitate invasion may help 

develop effective control strategies and improve predictions regarding the spread of non-native 

plant species in these ecosystems (Wolfe and Kilironomos, 2005; Inderjit and van der Putten, 

2010). 

 

In aridlands (arid and semi-arid ecosystems), the often intentional and accidental 

introduction of non-native species has dramatically altered ecosystem structure and function. For 

instance, across the southwestern U.S., the introduction and subsequent spread of alien plant 

species originating from southern Europe, southern Asia, and South Africa have led to the 

displacement of native species, diversity losses, and changes to fire regimes (e.g., Simonin, 2001; 

Brooks et al., 2004; Marshall et al., 2012). Exotic plant invasions in aridlands can also modify soil 
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microbial community composition and function (Kuske et al., 2002; Gornish et al., 2020; 

Rodriguez- Caballero et al., 2020), which may further facilitate invasion and has important 

implications on soil carbon (C) and nutrient fluxes and stocks (Inderjit and van der Putten, 2010; 

Elsheikh et al., 2021). 

 

In the southwestern U.S., one important exotic invasive species of concern is the South 

African C4 grass Eragrostis lehmanniana Nees. In the 1930s, E. lehmanniana was introduced to 

restore degraded rangelands in Arizona, New Mexico, Texas, and northern Mexico (Cox et al., 

1984). The deliberate and accidental spread of  E. lehmanniana has led to dramatic changes in 

southwestern aridlands, such as monospecific stands, displacement of native species, diversity 

losses (Geiger, 2006; Bock et al., 2007), and increases in the intensity and severity of wildfire 

(McDonald and McPherson, 2011). Since its introduction, E. lehmanniana has spread across 

1,470,000 acres of southwestern rangelands (Gori and Enquist, 2003) and is expected to continue 

to spread under current management practices and changing climate regimes (Schussman et al., 

2006; Burruss et al., 2022).  

 

The successful spread of E. lehmanniana has been primarily attributed to superior 

competitive abilities relative to native species, e.g., greater water use and drought avoidance 

strategies (Abbott et al., 1993; Frasier and Cox, 1994), abundant seed production (Anabel et al., 

1992), and resilience to fire and grazing (Cox et al., 1990; McClaran and Anabel, 1992; McGlone 

and Huenneke, 2005). However, limited data also suggest that E. lehmanniana may benefit under 

N-enriched conditions (Billy et al., 1973; Fernandez-Giménez and Smith, 2004). Across the 

western U.S., while vast portions of land are exposed to low levels of atmospheric N deposition, 
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hotspots of N deposition also occur downwind of large metropolitan centers and adjacent to 

agricultural and oil and gas operations (Fenn et al., 2003; Cook et al., 2018; Dix et al., 2020). N 

deposition can have significant impacts on terrestrial ecosystem structure and function (Pardo et 

al., 2011; Bobbnik et al., 2010), including by enhancing the growth of non-native plants (e.g., 

Brooks, 2003; Schwinning et al., 2005; Rao and Allen, 2010) and hindering exotic plant removal 

efforts (Allen et al., 2009; Lyons et al., 2013).  

 

To improve predictions regarding the future extent and management of non-native plant 

species in drylands, we performed a four-year exotic grass (E. lehmanniana) removal, recovery, 

and N addition field experiment in a semi-arid Chihuauhan Desert grassland dominated by E. 

lehmanniana. In particular, we were interested in determining: 1. How does the presence and 

removal of E. lehmanniana impact plant community structure, soil ecosystem properties, and 

biogeochemical processes? Do these effects persist when removals cease? 2. Does N deposition 

amplify the effects of E. lehmanniana on plant communities, soil ecosystem properties, and 

biogeochemical processes? Do N inputs impede E. lehmanniana removal efforts?  

 

For our first hypothesis, we expected E. lehmanniana removals would reduce the 

competition between E. lehmanniana and native plants for resources and, thus, would enhance 

native plant species cover and diversity. We also predicted E. lehmanniana removals to impact 

soil resources, microbial biomass, and activities by reducing the competition for resources (e.g., 

nutrients) or reducing plant inputs (e.g., root exudates and litter). We also expected the effects of 

E. lehmanniana removals to persist in years immediately following the cessation of E. 

lehmanniana removal treatment (i.e., 1 -2 years post removal). Second, as non-native plants, 
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including E. lehmanniana, have been demonstrated to benefit from N enrichment in aridlands, we 

hypothesized that N inputs would intensify the effects of E. lehmanniana on plant communities, 

soil ecosystem properties, and microbial biomass and activities. We also predicted that N inputs 

would hinder E. lehmanniana removal efforts by enhancing E. lehmanniana recovery.  

 

METHODS 

Site Description  

This study was conducted in a Chihuahuan Desert grassland dominated by exotic C4 bunchgrass 

E. lehmanniana located on a stream terrace at Carlsbad Caverns National Park (CAVE; 

32°10′31″N 104°26′38″W) New Mexico, U.S.A. While dominated by E. lehmanniana, the site 

also contained native perennial grasses such as Bouteloua gracilis, B. eriopoda, and  Enneapogon 

desvauxii, and forbs such as Sida abutilifolia, Thymophylla pentachaeta, Ditaxis neomexicana, 

Talinum spp., and Croton spp. Soil parent material at the site is characterized as gravelly alluvium 

derived from limestone (websoilsurvey.sc.egov.usda.gov/). Soil texture is a loamy sand mixture 

characterized as 71% sand, 25% silt, and 4% clay, with an average pH of 7.6.  

 

The mean annual temperature (MAT) in this region is typically 16.8° C, with a mean annual 

precipitation (MAP) of 378.7 mm, +60% of which falls during the summer monsoon (typically 

from July to September). However, MAP and seasonal (summer monsoon) precipitation varied 

between years (Fig.S1.1; Table S1.1). The first three years received substantially less summer 

monsoon rainfall than the 30-year normal from June- September (252mm; 1981-2010), with 2018, 

2019, and 2020 receiving 50%, 54%, and 71% less rainfall, respectively (Fig. S1.1; Table S1.1). 
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The final year (2021) received 25% more rainfall than the June- September 30- year normal rainfall 

(Fig.S1.1; Table S1.1). 

 

Eragrostis lehmanniana Removal, Recovery, and N Addition Field Experiment  

We established a factorial E. lehmanniana removal, recovery, and N addition field experiment in 

July of 2018 (prior to the start of the monsoon season). We performed E. lehmanniana removals 

(G= E. lehmanniana present and GR= E. lehmanniana removed) in 2018 and again in  2019. We 

removed  E. lehmanniana by hand by applying herbicide (Round-up™ glyphosate, a non-selective 

herbicide) using a small paintbrush, followed by clipping and biomass removal, thus having 

minimal non-target effects on neighbors (McLaren and Turkington, 2010). To assess E. 

lehmanniana recovery and possible legacy effects, we did not perform removals in 2020 and 2021. 

N addition, treatments were factorially crossed with E. lehmanniana removal treatments. N 

addition treatments were based on modeled CAVE N deposition (~4 kg N ha-1 year-1). N addition 

treatments included a background N deposition treatment (Ambient; ~4 kg N ha-1 year-1), +N low 

(+2 kg N ha-1 year-1), +N high (+ 4 kg N ha-1 year-1), and a labile C addition treatment, i.e., N 

reduction treatment (+C; +6 g of sucrose, C12H22O11) which was intended to assess N saturation 

by stimulating microbial N immobilization (Steers et al., 2011). N was applied as ammonium 

nitrate (NH4NO3), and C was applied as sucrose (C12H22O11). N addition treatments were dissolved 

in 2.25 L of water (equating to a 1 mm rainfall event) and sprayed evenly in all plots using a 

broadcast hand sprayer. Treatments were replicated five times in 1.5 m2 plots at each site (40 plots 

total). Plots were separated at a minimum distance of 1.5 m from other plots and large N-fixing 

plant species (e.g., Mimosa aculeaticarpa). N addition treatments were applied annually, before 

the start of the monsoon season (mid-July) from 2018- 2021 and when performed, following E. 
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lehmanniana glyphosate application and biomass clipping. We applied treatments once annually 

for four years (2018- 2021) before the start of the monsoon season (mid-July). In 2021, the 

monsoon season began earlier than usual (early June). Therefore, N addition treatments in 2021 

were technically applied during the monsoon season.  

Vegetation Sampling 

We measured plant cover annually during peak plant biomass (the first week of October for 2018- 

2020 and the first week of September in 2021). To avoid plot-level edge effects, plant cover 

measurements excluded spaces within 10 cm of the edge of each plot. Plants were identified at the 

species level and were grouped into five functional groups: E. lehmanniana, native C4 perennial 

grasses, perennial forbs, annuals (annual forbs and grasses), shrubs, and cacti. Relative % plant 

cover was calculated by summing the total cover of all plants within a plot, then dividing the cover 

of specific species or functional group by the plot's total cover.  

 

Plant Tissue Collection and Analysis  

During the final monsoon season of 2021 (i.e., September), we sampled green, fully mature leaves 

that were free of herbivore damage from plant species that were present across most plots within 

a site. To avoid plot-level edge effects, plant tissue collection excluded spaces within 10 cm of the 

edge of each plot. We sampled from grasses E. lehmanniana and E. desvauxii and perennial forb 

species S. abutilifolia.Leaf samples were dried at 50 °C, ground, and analyzed for foliar C (foliar 

%C) and foliar N (foliar %N) using a dry combustion C and N analyzer (ECS 4010; Costech 

Analytical Technologies, Valencia, California, USA). 

 

Soil Sampling  



 

89 

Each year (with the exception of 2018), we collected soils at three time points: pre-monsoon (early 

June), monsoon (early September), and winter (early February). Soils were randomly collected 

from each plot (omitting spaces within 10 cm of the edge of each plot) using a 1.9 cm diameter 

soil corer at a depth of  5 cm. Soil moisture was also measured at a depth of 12 cm during each 

soil collection period using a soil moisture probe (HydroSense II Soil Moisture Measurement 

System, Campbell Scientific, Thuringowa Central, QLD, Australia). Following collection, we 

homogenized the soil samples and passed them through a 2 mm sieve. Soil samples were 

maintained at 4 °C until further processing (stored for a maximum of 72 hours). Within 24 hours, 

we froze a subsample at -80 °C for later analysis of soil microbial extracellular enzyme potentials. 

 

Soil Ecosystem Properties  

Soil pH was measured from soils sampled during the monsoon sampling season of each year using 

a 2:1 slurry (dH2O: soil). Available soil nutrients nitrate (NO3-), ammonium (NH4+), phosphate 

(PO43--P), extractable organic carbon (EOC), and extractable total nitrogen (ETN) were measured 

during all seasons and years. We obtained nutrient, EOC, and ETN extracts by shaking 5 g of fresh 

soil in 0.5 M K2SO4 for two hours and filtering through glass filter paper. All nutrients were 

assessed using colorimetric microplate assays (BioTEK SynergH.T.HT, Winooski VT, USA). We 

analyzed available soil NO3- -N using a modified Griess reaction (Doane and Horwáth, 2003), soil 

NH4+-N using the Berlethot reaction protocol (Rhine et al., 1998), and PO43- -P using a malachite 

green assay (D’Angelo et al., 2001). We measured EOC and ETN using a Shimadzu analyzer 

(TOC-VCPN; Shimadzu Scientific Instruments Inc., Columbia, MD, USA). Soil % organic C (soil 

%OC) and % N (soil %N) was measured once annually from soils collected during the monsoon 

sampling period. Soil %OC and %N samples were dried at 50 °C, ground, and treated for 
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carbonates using an HCl fumigation protocol (Harris et al., 2001) and then analyzed using a dry 

combustion C and N analyzer (ElementarPyroCube®) 

 

Soil Microbial Biomass 

We analyzed microbial biomass carbon (MBC), microbial biomass nitrogen (MBN), and microbial 

biomass phosphorous (MBP) using a modification of the chloroform fumigation-extraction 

technique (Brookes, 1985). We incubated 5 g of fresh soil in 2 mL of ethanol-free chloroform for 

24 hours at room temperature. We then extracted fumigated soils and analyzed them for EOC, 

ETN, and PO43--P (as described above). MBC, MBN, and MBP were calculated as the difference 

between non-fumigated EOC, ETN, and PO43--P concentrations and fumigated  EOC, ETN, and 

PO43--P concentrations.  

 

Soil Extracellular Enzyme Potentials 

Soils collected during the monsoon season of each year were examined for hydrolytic and 

oxidative enzyme potential activities using standard high-throughput microplate protocols (Saiya-

Cork et al., 2002; McLaren et al., 2017). Hydrolytic extracellular enzyme potentials included 

enzymes involved in C-cycling: α-Glucosidase (α-gluc), β-glucosidase (β-gluc), cellobiohydrolase 

(Cello), and β-xylosidase (Xylo), N-cycling: leucyl aminopeptidase (LAP) and NAG, and P-

cycling: acid phosphatase (Phos) and phosphodiesterase (phos-D). We also measured oxidative 

enzymes peroxidase (Perox) and phenol oxidase (Phenol), which aid in the decomposition of 

recalcitrant organic matter. Immediately before each measurement, we thawed 1g of frozen (stored 

at -80 °C) soil samples at room temperature. Samples were then blended with 125 mL of modified 

universal buffer at a pH ranging from 7.7 to 7.9 (depending on pH for a given year). Soil slurries 
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were pipetted into 96-well plates, which contained eight analytical replicates per sample. 

Fluorescing, 4-methylum-belliferone (MUB) tagged substrate (β -D-glucoside, β -D-cellobioside, 

N-acetyl- β -D-glucosaminide and phosphatase) or 7- amino-4-methylcoumarin (MC) tagged 

substrate (Leucine amino peptidase) were added to each hydrolytic enzyme assay. Hydrolytic 

enzyme assays were incubated at room temperature (20 °C) for 4 hours and 30 minutes, with 

measurements taken every 45 minutes to ensure a linear rate of reaction. Background fluorescence 

was measured for each soil, substrate, and quenching of MUB or MC (LAP only) by soils, and we 

used MUB/MC standard curves to calculate the rate of substrate hydrolyzed. Oxidative enzyme 

analysis was performed using L-3,4 dihydroxyphenylalanine (L-DOPA) as substrate and incubated 

in the dark for 25 hours. Sample fluorescence of hydrolytic enzymes and oxidative enzyme color 

absorbance was measured at 360 nm excitation and 460 nm emission, respectively, using a BioTek 

Synergy HT microplate reader (BioTek Instruments Inc., Winooski, VT, USA). 

 

Statistical Analyses 

The sampling scheme for all response variables is summarized in Table S5.1. All statistical 

analyses were performed using R statistical software version 4.1.2 (R Development Core Team, 

2021) and R studio (RStudio Team, 2021). Data figures were constructed using the ggplot2 

package (Wickham, 2016).  

 

To investigate the effects of E. lehmanniana removal and N addition treatments across 

seasons and time (i.e., year), we performed mixed effects models (LMM) or generalized linear 

mixed-effects models (GLMM) for non-Gaussian distributions, using the glmmTMB function of 

the glmmTMB R package (Brooks et al., 2017). Data exploration was carried out following the 
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protocol described in Zuur, Ieno, and Elphick (2010). LMM and GLMM analyses included a 

random effect to account for repeated measures of each plot (Barr et al., 2013). Model evaluation 

was based on an information-theoretic approach using Akaike’s Information Criterion correction 

for small sample sizes (AICc, Akaike, 1978; Burnham and Anderson, 2002). Beginning with the 

maximal model, we used backward step-wise model selection to eliminate variables that resulted 

in less than 5 AICc change (Pinheiro and Bates, 2000; Zuur et al., 2009). The best fitting, simplest 

model was selected based on a 5 AICc improvement. For LMMs, model validation (i.e., normality 

and homogeneity of residuals) was conducted using the ‘Diagnostics for HierArchical Regression 

Models’ (DHARMa) package (Hartig, 2021). For GLMMs, model validation involved plotting 

Pearson residuals against fitted values for all covariates used and not used in the model (Zuur et 

al., 2009). Following model selection and validation, we performed parametric bootstrapping to 

obtain 95% confidence intervals (CI) by first performing a single parametric bootstrap of the 

original model data using the glmmTMB refit function, then performing multiple refits (i.e., 

simulations, N = 1000) using the bootMer function (glmmTMB bootstrapping details in Brooks et 

al., 2023) of the lme4 package (Bates et al., 2015). A CI spanning zero was considered 

nonsignificant. We report respective maximal models, final models, and distributions, e.g., 

Gaussian (link= identity), beta (link= log), Gamma (link =log), etc., model AICc, marginal R2 

(fixed effects), conditional R2 (fixed and random effects) from the MuMIN package (Barton, 2016; 

Johnson, 2014; Nakagawa and Schielzeth, 2013), and bootstrapped CIs in result tables 

(supplementary materials).  

 

For all analyses investigating treatment effects across seasons and years (Table S5.1), the 

non-grass removal treatment (i.e., G) and Ambient N treatment during the pre-monsoon season of 
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2018 were set as the reference level and are represented by the intercept. Because we only collected 

data during the monsoon season in 2018, we were unable to conduct a fully factorial (i.e., treatment 

by season by year) analysis. All analyses investigating treatment effects over time (i.e., year; Table 

S5.1), non-grass removal treatment (i.e., G), the Ambient N treatment, and the year 2018 were set 

as the reference level and represented by the intercept. Shannon's diversity (H) and species richness 

(SR) were calculated using the VEGAN R package (Oksanen et al., 2022). However, due to the 

extreme drought in 2020, most relative percent plant cover values in 2020 were zero, resulting in 

non-convergence of models, even with zero-inflated GLMM methods. Thus, all 2020 plant % 

cover data were omitted from analyses. Cacti and shrub functional groups were not consistently 

present across plots and thus were not analyzed. For response variables with a single sampling 

period (Table S5.1), we performed a two-way ANOVA (with the main factors of N addition and 

grass removal treatments. Interaction terms were removed when not significant (significance at α= 

0.05). H for the annual plant species functional group was low from 2018 to 2020, resulting in 

model non-convergence. Thus, annual species H was only analyzed during 2021. ANOVA model 

residuals were assessed for normality using quantile-quantile (Q-Q) plots (Kozak and Piepho, 

2018). ANOVA post hoc comparisons were performed using Tukey HSD post hoc tests.  

 

RESULTS  

Plant Community Responses 

Overall, vegetation cover differences were best explained by E. lehmanniana removal treatments 

and year, with no significant differences between N addition treatments (Table S5.2; Fig. 5.1). In 

particular, vegetation cover changes were dependent on years when E. lehmanniana was actively 

removed (i.e., 2018 and 2019), as well as year-to-year differences that were likely associated with 
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years with well-below (-71% summer rainfall relative to the 30-year normal in 2020) and well-

above (+25% of 30-year normal average summer rainfall in 2021) summer precipitation. In 2018 

and 2019 (when E. lehmanniana removals were performed), total relative vegetation cover and E. 

lehmanniana cover were lower under the GR treatment relative to the G treatment (Table S5.2; 

Fig. 5.1a,b). However, during the year with the wettest summer (i.e., 2021), which was the year 

following the year with the driest summer (i.e., 2020 data not analyzed), total vegetation cover was 

well above the cover observed in 2018 and 2019, but E. lehmanniana cover was significantly lower 

than in 2018 and 2019, with diminished differences between removal treatments (Table S5.2; Fig. 

5.1a,b). Native C4 perennial grass cover was also altered by removal treatments in 2018 and 2019, 

with greater relative native C4 perennial grass under the GR treatment, but by 2021, significant 

differences between removal treatments diminished (Table S5.2; Fig. 5.1c). Unlike perennial 

grasses, perennial forb cover was greater under the GR relative to G across all years (i.e., 2018, 

2019, and 2021, 2020 data not analyzed; Table S5.2; Fig. 5.1d). Annual plant cover was relatively 

low in cover from 2018 to 2020 and did not differ between removal treatments but did increase 

substantially in 2021 (Table S5.2; Fig; 5.1e). Foliar %C and %N varied among species but did not 

significantly differ between removal or N addition treatments (Table S5.2; Fig. 5.1f,g).  
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Fig. 5.1. Boxplots of relative % total plant cover (a), Eragrostis lehmanniana cover (b), native C4 perennial grass 
cover (c), perennial forb cover (d), annual plant species cover (e), foliar %C (f), and foliar %N (g) in a 4-year 
invasive grass removal (2018 and 2019), recovery (2020 and 2021), and N addition manipulation experiment. 
Statistical analysis for plant cover did not include the Monsoon 2020 sampling period. Foliar measurements were 
only assessed during the final year of this study and included exotic C4 grass E. lehmanniana (ERLE), native C4 
grass Enneapogon desvauxii (ENDE), and forb Sida abutilifolia (SIAB). Removal treatments include E. 
lehmanniana present (G), and E. lehmanniana removed (GR). Asterixis above GR boxplots indicate significant 
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differences between treatments relative to control (first G on the x-axis in bold). Asterix next to G (x-axis) 
indicates a significant change in control relative to G in 2018.  
 

Species richness (SR) was not affected by removal treatments or N addition treatments 

but significantly declined in 2019 and increased in 2021 (Table S5.3; Fig. 5.2a). Shannon’s 

diversity (H) differed between E. lehmanniana removal treatments and year, but N-addition 

treatments were not a significant factor in H differences (Table S5.3; Fig 5.2b).  Overall, H was 

greater under the GR treatment in 2018 and 2019, but these differences diminished by 2021 after 

removals had stopped (Fig. 5.2a). Additionally, relative to 2018, H in non-removal plots 

significantly declined in 2019 and increased significantly in 2021 (Table S5.3; Fig. 5.2a). H for 

different functional groups did not differ between removal treatments (Table S5.3; Fig 5.2c,d,e).  
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Fig. 5.2. Boxplots species richness (SR, a), Shannon’s diversity (H, b), H for perennial grass functional group 
(c), H for perennial forb functional group (d), and H for annual species functional group (e) in a 4-year invasive 
grass removal (2018 and 2019), recovery (2020 and 2021), and N addition manipulation experiment. Statistical 
analysis for a-d did not include the Monsoon 2020 sampling period, and e did not include Monsoon 2018 to 2020 
sampling periods. Removal treatments include E. lehmanniana present (G), and E. lehmanniana removed (GR). 
Asterix above GR boxplots indicate significant differences between treatments relative to control in 2018 (first 
G on the x-axis in bold). Asterix next to G (x-axis) indicates a significant change in control relative to G in 2018.  
 

Soil Ecosystem Responses 

Despite changes in plant community cover and diversity, most soil ecosystem properties were not 

significantly affected by E. lehmanniana removal nor by N addition treatments; instead, 

differences were primarily associated with year and season (Table S5.4; Fig. 5.3). Soil pH varied 

across years and was lowest in 2018 and highest in 2020 (Table S5.4; Fig. 5.3a). Available soil 
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NO3- had a significant interaction between E. lehmanniana removal treatments and years 2020 and 

2021 (Table S5.4). Here, relative to the G treatment in 2018, soil NO3- was higher in both removal 

treatments in 2020 and 2021, with similar NO3- concentrations between removal treatments within 

each year (Fig. 5.3b). Available soil NH4+ and PO43- mainly varied by year with higher 

concentrations in 2020 and 2021 (Fig. 5.3c,d). EOC and ETN concentrations also showed year-to-

year differences, with greater EOC and ETN concentrations in 2019, 2020, and 2021 relative to 

2018 (Fig. 5.3e,f). Like soil NO3-, ETN also had a significant removal-by-year interaction during 

2020 and 2021; however, ETN also increased in both G and GR treatments in 2020 and 2021 

relative to G 2018, but there were no post-hoc differences detected between G and GR treatments 

(Table S5; Fig. 5.3e). Soil %OC and %N varied over time but did not significantly differ between 

removal or N addition treatments (Table S5.4; Fig. 5.3g,h). 
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Fig. 5.3 Boxplots of soil ecosystem properties: pH (a), available soil nitrate (NO3

-, b), available soil ammonium 
(NH4

+, c), available soil phosphate (PO4
3-, d), extractable organic carbon (EOC, e), extractable total nitrogen 

(ETN, f), soil % organic C (%OC, g), soil % N (%N, h) in a 4-year invasive grass removal (2018 and 2019), 
recovery (2020 and 2021), and N addition manipulation experiment. Removal treatments include E. lehmanniana 
present (G), and E. lehmanniana removed (GR). Asterix above GR boxplots indicate significant differences 
between treatments relative to control in 2018 (first G on the x-axis in bold). Asterix next to G (x-axis) indicates 
a significant change in control relative to G in 2018.  
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Soil Microbial Biomass and Extracellular Enzyme Activities 

MBC, MBN, and MBP were not significantly affected by E. lehmanniana removal nor N addition 

treatments but did often differ by season and year (Table S5.5; Fig. 5.4). Relative to 2018, MBC 

declined in 2019 and 2020 (Fig. 5.4a) MBN declined in 2019 (Fig. 5.4c), and MBP declined in 

2019 but also increased in 2021 (Fig. 5.4e). Most extracellular enzyme activity potentials also 

varied by year, with generally increasing and decreasing hydrolytic enzyme activity potentials in 

2019 and 2020, respectively, and greater oxidative enzyme activities in 2019 and 2020 (Table 

S5.6; Fig 5.4b,d,f and S5.1). E. lehmanniana removal and N addition treatments showed few but 

transient effects on extracellular enzyme activity potentials (Table S5.6; Fig. 4 and S5.1).  Most E. 

lehmanniana removal treatment effects on extracellular enzyme activities occurred in 2019, with 

generally lower C, N, and P cycling hydrolytic enzymes (Fig. 4b,f and Fig. S5.1). N addition 

treatments affected only NAG activity, but treatment effects were only evident in some years 

(Table S5.6). Relative to the Ambient N treatment in 2018, the +N low and +N high treatments 

had greater NAG potential activity in 2018 and 2019, respectively, with no significant differences 

in 2020 and 2021 (Fig. S5.2).  
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Fig. 5.4. Boxplots of soil microbial biomass carbon (MBC, a), soil microbial biomass nitrogen (MBN, c), soil 
microbial biomass phosphorus (MBP,e), extracellular hydrolytic enzymes β-glucosidase (β-gluc, b),  leucyl 
aminopeptidase (LAP, d), and acid phosphatase (Phos, f) in a 4-year invasive grass removal (2018 and 2019), 
recovery (2020 and 2021), and N addition manipulation experiment. Removal treatments include E. lehmanniana 
present (G), and E. lehmanniana removed (GR). Asterix above GR boxplots indicate significant differences 
between treatments relative to control in 2018 (first G on the x-axis in bold). Asterix next to G (x-axis) indicates 
a significant change in control relative to G in 2018. 
 
 
DISCUSSION 

In an E. lehmanniana dominated Chihuauhan Desert grassland, we examined how 1. the presence 

and removal of E. lehmanniana impact plant community structure, soil ecosystem properties, and 

biogeochemical processes, and whether these effects persist when removals cease. 2. If N 

deposition augments the effects of E. lehmanniana on plant communities, soil ecosystem 
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properties, and biogeochemical processes, and whether N inputs impede E. lehmanniana removal 

efforts. Our findings only partially supported our first hypothesis, which showed greater native 

plant cover, diversity, and species richness when E. lehmanniana was removed. However, while 

most plant community effects associated with the removal treatment diminished during the years 

after the removal treatment ceased, responses may have been complicated by well below (-71% of 

the 30-year normal in 2020) to well above (+25% of the 30-year normal in 2021) average summer 

precipitation. Additionally, despite E. lehmanniana removal effects on aboveground plant 

communities, we found little and often transient effects of E. lehmanniana removal treatments on 

soil ecosystem properties and biogeochemical measures. We found no support for our second 

hypothesis, as the effects of removal on plant community structure, soil ecosystem properties, 

biogeochemical measures, and E. lehmanniana recovery did not interact with our N addition 

treatments.  

 

Plant community responses were associated with  E. lehmanniana removal treatments and 

study year. While the positive removal effect on perennial forbs was maintained throughout this 

study, the positive effect of removal on native C4 grass cover and diversity only occurred during 

years when E. lehmanniana was actively removed (i.e., 2018 and 2019). In general, our findings 

agree with other E. lehmanniana removal studies, which demonstrate an enhanced abundance and 

diversity of native species when E. lehmanniana is removed (Buerdsell and Lehnhoff, 2023; 

Crimmins and McPherson, 2008). Other studies also suggest that E. lehmanniana may need to be 

repeatedly removed to deplete E. lehmanniana seed reserves (Crimmins and McPherson, 2008). 

However, the diminished removal effect on native C4 grass and diversity after removals ceased 

was likely complicated by the subsequent extreme summer climate conditions. For instance, in 



 

103 

2020, the most severe summer drought of the study occurred and resulted in near-zero live plant 

cover. In the year following 2020, above-average summer rainfall resulted in a dramatic shift in 

plant community composition, from one dominated by E. lehmanniana to one dominated by annual 

plant species regardless of removal treatment. Thus, extreme summer drought and high rainfall 

may complicate the effectiveness of E. lehmanniana removals on aridland plant community 

dynamics.  

 

E. lehmanniana is considered a highly drought-tolerant species (Williams and Baruch, 

2000), capable of producing up to four times more biomass forage than native grasses during dry 

summers (Cox et al., 1990). In our study, the greatest E. lehmanniana cover was observed in 2018 

and 2019, which received 50% and 54% less summer rainfall than the 30-year summer normal, 

respectively. However, in 2020, all grass cover, including E. lehmanniana, was zero. Our study 

agrees with other Chihuahuan Desert studies that report significant declines in E. lehmanniana and 

native grasses during extreme dry summer conditions (Buerdsell et al., 2022). Additionally, while 

above-average summer precipitation has been demonstrated to significantly increase E. 

lehmanniana production relative to below or equal summer long-term average precipitation (Cox 

et al., 1990), above-average summer rainfall in 2021 still resulted in low E. lehmanniana cover 

relative to previous years (i.e., 2018 and 2019) after having cover significantly reduced in 2020. 

Due to climate differences, the Chihuauhan Desert is considered relatively more resistant to E. 

lehmanniana invasion than the Sonoran Desert (Burruss et al., 2021). However, shifts in climate 

namely increases in temperature and precipitation, are expected to enhance E. lehmanniana 

recruitment in the Chihuahuan Desert (Burruss et al., 2021). Though, it may also be critical to 

consider how extreme climate conditions may impede or facilitate E. lehmanniana expansion.   
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Enhanced diversity and cover of annual species following severe drought may help to 

support ecosystem stability and functioning during future droughts (Griffin-Nolan et al., 2019). 

Despite near-zero plant cover during the 2020 monsoon season, above-average summer rainfall in 

2021 resulted in the highest total vegetation cover, diversity, and species richness of all study 

years. Dry years (as seen during the first two years of this study) often result in low functional 

diversity due to the dominance of drought-tolerant grasses, with less common species employing 

drought avoidance and escape strategies, e.g., slower growth or early flowering (Gherardi and Sala 

2015). In contrast, wet years (such as that seen in 2021) showed an increased abundance of drought 

avoiders, such as fast-growing annual species and deep-rooted forbs, which can readily utilize 

large rainfall events that permeate deeper soil profiles (Gherardi and Sala, 2015). In addition to the 

severe summer drought in 2020 which drastically reduced all plant cover, drought avoidance and 

adaptations may explain the shift in the dominance of E. lehmanniana cover to annual plant cover 

from 2018 and 2019 to 2021 and the persistence of higher perennial forb cover (unlike native C4 

grass cover) in E. lehmanniana removal plots in 2021.  

 

Overall, removing E. lehmanniana had little and often transient effects on measured soil 

ecosystem properties and, perhaps consequently, soil microbial responses. Our findings contrast 

other studies which suggest that non-native plant invasions, including that by E. Lehmanniana, 

modify their invaded soil environment by altering soil nutrient availability and microbial 

community composition and function (Torres et al., 2021; Xu et al., 2022). However, it is possible 

that four years of treatment may not be enough time to detect differences in soil microbial function 

following grassland restoration practices (Potthof et al., 2006; Carey et al., 2015). Additionally, 
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due to the nature of our measurements (i.e., focus on microbial function rather than composition), 

changes to soil microbial community composition may have occurred, as demonstrated in other 

aridland exotic plant removal experiments (Kuske et al., 2002; Gornish et al., 2020; Williams et 

al., 2021).  

 

Beyond the effects of non-native plants on soil ecosystem properties and microbial 

function, the mass ratio hypothesis suggests that highly abundant species can substantially affect 

ecological processes, such as energy flow and biogeochemical cycling, due to their high biomass 

and distribution (Grime, 1998). However, despite being the dominant form of biomass, the few 

and primarily transient (i.e., only occurred in one year) effects of E. lehmanniana removals also 

contrast studies that report dominant species removals to significantly impact ecosystem properties 

and function, e.g., soil nutrient availability (e.g., Bret‐Harte et al., 2004; Wardle and Zackrisson, 

2005; McLaren and Turkington, 2010), microbial biomass (Chen et al., 2016), and enzyme 

activities (Melendez-Gonzalez et al., 2018). Instead, typical of water-limited ecosystems, soil 

ecosystem properties and microbial activity dynamics were best explained by seasonal and year-

to-year differences, which likely reflect differences in water availability (Bell et al., 2009; Brown 

et al., 2022). 

 

N addition treatments had no direct effects and did not interact with E. lehmanniana 

removal for effects on plant community structure, including E. lehmanniana recovery. Our 

findings contrast other aridland N addition studies that report changes to plant community 

composition (Baez et al., 2007; Zeng et al., 2010), declines in diversity (Mun and Whitford, 1989; 

Nui et al., 2018; Wheeler et al., 2021), and enhanced growth of non-native plant species (Brooks, 
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2003; Allen et al., 2009; Vourlitis, 2017). Dryland plant community response to N amendments 

can be strongly linked to water availability (e.g., Ladwig et al., 2011; Whitford and Steinberger, 

2011; Wheeler et al., 2021). Thus, the lack of responses to our N amendments may have been due 

to the below-average rainfall during the first three years of this experiment. However, unlike 

aridland N addition studies that report N addition responses following above average precipitation 

(e.g., Brooks, 2003; Schwinning et al., 2005; Allen et al., 2009; Rao and Allen, 2010) N was still 

not an important factor driving change during the final year of this experiment which experienced 

above average summer rainfall.  

 

N addition treatments also had no direct nor interactive effects with E. lehmanniana 

removal on soil ecosystem properties or biogeochemical measures. Overall, our findings contrast 

other aridlands N addition studies which report significant changes to soil chemical properties 

and biogeochemical processes, such as declines in soil pH, enhanced levels of inorganic N, 

reductions in soil microbial biomass (e.g., Li et al., 2010; Wei et al., 2013; Wang et al., 2020), 

and changes to soil extracellular enzyme activities (Stursova et al., 2006; Sinsabaugh et al., 2015; 

Vourlitis et al., 2021). However, other aridland N addition studies have reported no significant 

effects of N inputs on soil ecosystem properties and biogeochemical measures (Osborne et al., 

2022a). Additionally, evidence from aridland exotic grass removal and N addition experiments 

have reported little to no significant interactive changes to soil microbial communities with 

removal and N inputs (Carey et al., 2015; Williams et al., 2022). 

 

The overall lack of response to N inputs suggests that this ecosystem is resistant to the 

effects of N enrichment, including its effects on exotic plants. However, because we intended to 
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apply N at a rate similar to modeled N deposition in our study region, insensitivity to N may be 

due to the relatively low amount of N, we added. For instance, aridland N addition studies 

demonstrating strong responses to N amendments, including effects on alien plant species, add N 

at relatively higher rates (e.g., 32 kg N ha-1 yr-1 in Brooks, 2003; 40 kg N ha-1 yr-1  in Schwinning 

et al., 2005; 50 kg N ha-1 yr-1  in Vourlitis, 2017). In contrast, other studies adding N at similar 

lower doses report no significant change to plant community structure (including invasive plant 

cover) and soil microbial community structure and function (Philips et al., 2021; McHugh et al., 

2017; Osborne et al., 2022a). Other relatively low N addition dose studies in the Chihuahuan 

Desert have reported effects on soil microbial enzyme activities (Stursova et al., 2006). However, 

effects in Stursova et al. (2006) were linked to soil N accumulation occurring during periods of 

scarce precipitation. In contrast, our study found no indication of N accumulation in N addition 

plots, even during the most severe drought year (i.e., 2020) or during years when E. lehmanniana 

(the dominant form of biomass in this ecosystem) was removed. This overall insensitivity to N 

inputs, including the lack of N accumulation during periods of drought or with E. lehmanniana 

removal treatments, suggests that N inputs may have been readily lost from the system via 

leaching, or perhaps more likely gaseous N loss, as observed in other aridland N amendment 

studies (e.g., Reichmann et al., 2013; McHugh et al., 2017; Krichels et al., 2022).  

 

CONCLUSIONS  

In conclusion, we found few effects of removing a dominant invasive grass or N-additions in a 4-

year experiment in a Chihuahuan Desert grassland.  Removing E. lehmanniana increased C4 native 

grass cover, perennial forb cover, and diversity but exerted little to no effect on a suite of measured 

soil ecosystem properties and biogeochemical processes. While most positive plant community 
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responses only occurred during years when E. lehmanniana was removed, responses were likely 

complicated by severe drought and above-average summer precipitation that occurred during years 

when E. lehmanniana removals stopped. We also found no interactive effects between E. 

lehmanniana removal and N addition treatments and very few main effects of N addition, which 

we attribute to the realistically low N-addition rates used in this study (same order of magnitude 

as modeled N-deposition for the area). Thus, the future spread of E. lehmanniana in the 

Chihuahuan Desert may not be driven by low levels of N deposition, but it is uncertain if  E. 

lehmanniana will benefit from higher N deposition levels. The most significant control over E. 

lehmanniana cover appeared to be climate, where E. lehmanniana cover significantly declined 

following the most severe summer drought and did not rebound despite above-average summer 

rainfall occurring the following year. In the Chihuahuan Desert, shifts in climate, namely, rising 

temperatures and precipitation, are predicted to enhance E. lehmanniana recruitment (Burruss et 

al., 2022). While predictions of the magnitude and direction of change to the North American 

Monsoon are unclear (Bukovsky et al., 2015), understanding how extreme climate conditions 

impede or facilitate E. lehmanniana expansion may be critical for future land management 

decisions.  
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CHAPTER 6: CONCLUSIONS 

SUMMARY OF DISSERTATION FINDINGS 

In this dissertation, I provide new insights into the implications of (N) deposition in aridland 

ecosystem structure and function. The first chapter reviews experimental N addition effects from 

microbial to ecosystem scales in aridlands. Chapters three to five provide findings from N 

simulation experiments performed in northern Chihuahuan Desert semi-arid grasslands. Findings 

for each chapter are summarized below. 

 In Chapter 2, I reviewed the literature examining the effects of N inputs on aridlands 

from microbial to ecosystem scales. Overall, I found that aridlands demonstrate a wide range of 

responses to experimental N inputs. For instance, N enrichment often drove changes to aridland 

ecosystem structure and function, e.g., by reducing soil microbial and plant diversity and altering 

microbial, biocrust, and plant community composition and function. N enrichment also 

accelerated soil N transformation processes, such as N cycling activities that emit nitrogenous 

gases. However, the magnitude and the direction of the effects of N inputs on most aridland 

processes often varied due to multiple factors, such as differences in organismal functional 

groups, environmental factors such as water availability, as well as experimental differences, 

most notably N dose. 

In Chapter 3, I assessed the influence of carbon (C), N, and phosphorus (P) availability 

on soil microbial biomass and function in a northern Chihuahuan Desert grassland ecosystem. 

Here, we performed a short-term factorial C, N, and P laboratory incubation experiment to test if 

Chihuahuan Desert soil microbial biomass and function are individually or interactively limited 

by C, N, and P when given sufficient water. I found that N and P independently limited soil 
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microbial biomass, but the effects on measured microbial activities often depended on the co-

availability of multiple resources in our study ecosystem. Resource limitations may dictate how 

an ecosystem may respond to global change stressors such as N deposition. Thus, this study 

highlights the importance of assessing multiple limiting resources in low-resource ecosystems, 

such as aridlands.  

In Chapter 4, I report on results from a four-year N fertilization and water addition 

experiment in three Chihuahuan Desert grassland sites modeled to be experiencing N deposition. 

This study investigated how low but realistic N inputs (i.e., based on modeled N deposition; 0, 2, 

and 4 kg N ha-1 yr-1) impact aridland plant communities, soil ecosystem properties, and 

biogeochemical dynamics and if effects depended on periods of above-average water availability. 

I found that Chihuahuan Desert grassland plant communities, soil ecosystem properties, and soil 

microbial activities are insensitive to low-dose N inputs even during years with above-average 

precipitation. Additionally, a complementary laboratory water and N addition incubation 

experiment using soils collected after 4 years of treatment revealed that N inputs may be readily 

lost as nitric oxide emissions in our study ecosystem. Periods of drought and above-average 

precipitation throughout our field study may have complicated responses to N. Nevertheless, our 

study suggests that aridlands may be resistant to low levels of N deposition, with such resistance 

possibly linked to gaseous N losses. 

Finally, in Chapter 5, I provide findings from a four-year exotic grass (Eragrostis 

lehmanniana) removal, recovery, and N addition field study in a Chihuauhan Desert grassland 

dominated by E. lehmanniana. I found that E. lehmanniana presence (i.e., removed vs. not 

removed) strongly controlled native plant cover and diversity but only during years when E. 
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lehmanniana was actively removed. However, responses were likely complicated by periods of 

severe drought and above-average summer precipitation that occurred during years when E. 

lehmanniana removals ceased. Additionally, despite being the dominant species, E. lehmanniana 

presence (i.e., removed vs. not removed) had little to no effect on a suite of soil ecosystem 

properties and biogeochemical processes, regardless of the removal treatment. We also found no 

interactive effects between E. lehmanniana removal and N addition treatments, with very few main 

effects of N addition. Beyond the effects of  E. lehmanniana removal and N inputs,  the most 

significant control over E. lehmanniana cover appeared to be climate, where E. lehmanniana cover 

significantly declined following the most severe summer drought and did not rebound despite 

above-average summer rainfall occurring the following year. Overall, the current extent and future 

spread of E. Lehmanniana in the Chihuahuan Desert may not be driven by low levels of N 

deposition, though it is uncertain if  E. Lehmanniana will benefit from higher N deposition levels. 

Lastly, we encourage land managers and future research to consider how extreme climate 

conditions may impede or facilitate E. lehmanniana expansion.  

 

CONCLUSIONS AND FUTURE RESEARCH DIRECTIONS 

This dissertation reveals large knowledge gaps that may represent directions for future research.  

First, while water availability in aridlands is often highly spatially and temporally variable, 

aridlands are also expected to experience dramatic shifts in climate regimes (e.g., Seager et al., 

2007; Cook et al., 2015; Bradford et al., 2020). Climate change, including extreme climate 

events, may make it exceedingly difficult to assess the vulnerability of these aridlands to global 

change stressors. In Chapter 2, I found that N input effects often depended on periods of above-

average water availability and were also often confounded by periods of drought (e.g., Brooks, 
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2003; Stursova et al., 2006; Ladwig et al., 2012; Vourlitis, 2017; Wheeler et al., 2021). Thus, to 

understand how global change stressors may interact, it is imperative that future studies aim to 

capture possible variations in climate (normal to extreme) by increasing the duration of their 

experiment, which may increase the likelihood of capturing both natural year-to-year variation in 

precipitation and extreme events (e.g., long-term N addition study in Ladwig et al., 2012). 

Alternatively, global change studies may also include climate manipulation treatments that 

simulate predicted changes in precipitation and temperature for their study region (e.g., extreme 

drought and N addition manipulation study in Zhang et al., 2023b). 

 

Second, in Chapter 3, I  found that resources other than N may constrain responses to N 

enrichment. However, what is limiting in one aridland ecosystem is not always limiting for others. 

In particular, the high spatial and temporal heterogeneity across and within dryland landscapes 

challenge global change response predictions (Sinsabaugh et al., 2015; Duniway et al., 2022; 

Osborne et al., 2022b). Thus, to advance our ability to forecast the effects of global change 

stressors, in aridlands, it may be critical that we increase our understanding of the resources that 

regulate aridland biogeochemistry across a diverse number of aridland landscapes. Globally 

distributed networks, such as the Nutrient Network (NutNet; for an overview, see Borer and 

Stevens 2022), may offer important insights into the benefits of globally distributed and 

standardized research.  

 

Third, most aridland N addition studies in our Chapter 2 review applied N at relatively high 

N doses (>50 kg N ha-1 year-1). Thus, this focus on relatively high N deposition rates challenges 

our predictions on the effects of N at the relatively lower N deposition rates, which are commonly 
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observed in aridland regions. Additionally, N deposition in aridlands is understudied, can be 

difficult to estimate, and can be greatly overestimated by regional scale N deposition models (Cook 

et al., 2018). Thus, while we would benefit from more aridland N addition studies that explore the 

effects of low but realistic N inputs in aridlands (e.g., N added according to reported N deposition 

estimates as in Osborne et al., 2022a; Chapter 4 and 5), I also suggest more studies to derive 

inferences from extant N deposition gradients (i.e., low to high N deposition, as in Ochoa-Hueso 

et al., 2013).   

 

Finally, in Chapter 1 and Chapter 4, I found that N inputs often accelerated N gas loss 

processes. Heightened gaseous N loss with N inputs has important implications for air quality in 

aridland ecosystems experiencing elevated levels of N deposition (e.g., in Carlsbad Caverns 

National Park; Naimie et al., 2022). Additionally, N gas losses may explain why some aridland 

ecosystems appear insensitive to low N inputs. In drylands, N gas emissions are considered a 

dominant pathway of N loss (Peterjohn and Schlesinger, 1990; Homyak et al., 2016). Thus, future 

aridland N addition studies should also incorporate N gas effluxes (e.g., NO, NH3, N2O) 

measurements (preferably under field conditions as in Krichels et al., 2022) as these measurements 

may offer critical insight into N loss and retention in response to anthropogenic N deposition in 

these ecosystems.  
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SUPPLEMENTARY TABLES 

Table S1.1. Mean annual precipitation (MAP), annual summer (June- September) precipitation, mean maximum and mean minimum 
annual temperature for Carlsbad Caverns National Park. Data were obtained from mesowest.utah.edu BATN5 station. 

 

 

 
Table S4.1. Soil texture and average soil pH for all sites (measured in 2018 before the start of the experiment). 

 

 
Table S4.2. Experimental type and sampling scheme for measured variables. *Variables measured three times per year were only measured 
during the monsoon season of 2018. 

Year 
MAP  
(mm)  

Annual summer precipitation 
June- Sept. (mm) 

Mean Annual 
Max Temp.  

(°C)  

Mean Annual   
Min. Temp. 

(°C)  
2018 297 125 24 12 
2019 201 115 24 13 
2020 180 72 25 14 
2021 409 316 25 13 

 

Characteristic 
Invasive 

Lovegrass 
Native 
Muhly 

Native 
Grama 

Texture Class Sandy-loam Sandy-loam Sandy-loam 
Sand (%) 71 49 46 

Silt (%) 25 45 49 
Clay (%) 4 7 5 

pH 7.8 7.8 7.6 
 

 

Experimental Type                   Variables Sampling period (s) Sampling frequency 
Field % Cover Peak biomass (October) 1x/ annually 

 Foliar C and N Monsoon 2021 1x (4th year only)  
 Soil moisture  Pre-monsoon, monsoon, and winter 3x/ year* (during soil collection) 
 Soil pH Monsoon 1x/ annually 
 Available nutrients  Pre-monsoon, monsoon, and winter 3x/ annually* 
 EOC Pre-monsoon, monsoon, and winter 3x/ annually* 
 ETN Pre-monsoon, monsoon, and winter 3x/ annually* 
 Soil %OC  Monsoon  1x/ annually 
 Soil %N  Monsoon  1x/ annually 
 MBC Pre-monsoon, monsoon, and winter 3x/ annually* 
 MBN Pre-monsoon, monsoon, and winter 3x/ annually* 
 MBP Pre-monsoon, monsoon, and winter 3x/ annually* 
 Extracellular enzymes  Monsoon  1x/ annually 

Laboratory 
incubation 

N-mineralization, 
nitrification, and 
ammonification 

Monsoon 2019 
  

30-day incubation 

 NOx (NO and NO2)  October 2021 1 and 24 hr. incubation 
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Table S4.3. Chi-square estimates and p-values from type 3 Wald chi-squared tests for relative plant cover models derived from 
mixed effects models (LMM) or generalized linear mixed-effects models (GLMM) for non-Gaussian distributions. Backward step-
wise model selection was used to select the best fitting, simplest model based on a 5 AICc improvement (the maximal model is 
listed above relevant response variables). Statistical analyses did not include 2020 due to a severe drought that resulted in zero live 
plant cover values in most plots. E. lehmanniana cover was only analyzed in the Invasive Lovegrass site, as it was not present in 
the Native Muhly or Native Grama sites. Annual species plant cover was only analyzed in 2021, using a 2-way ANOVA (interaction 
was eliminated from the model due to insignificance). Bold values indicate significance at p<0.05. Significance codes:  *** < 
0.001, ** p<0.01, * p< 0.05, . p<0.1.  

 

 

 

 

 

 

Table S4.4. Chi-square estimates and p-values from type 3 Wald chi-squared tests for Shannon’s diversity (H), species richness 
(SR), Foliar %C, and Foliar %N derived from mixed effects models (LMM) or generalized linear mixed-effects models (GLMM) 
for non-Gaussian distributions. Backward step-wise model selection was used to select the best fitting, simplest model based on a 
5 AICc improvement (the maximal model is listed above relevant response variables). Statistical analyses did not include 2020 due 
to a severe drought that resulted in zero live plant cover values in most plots. Annual species H was only analyzed in 2021, using 

Maximal model:  ~  Treatment * Site * Year 

 χ2 Df Pr(>Chisq)

Treatment 10.56 3 0.014 *
Site 19.25 2 <0.001 ***
Year 11.45 2 0.003 **
Treatment: Year 21.15 6 0.002 **
Site: Year 67.80 4 <0.001 ***

 χ2 Df Pr(>Chisq)

Site 35.87 2 <0.001 ***
Year 274.33 2 <0.001 ***
Site: Year 156.21 4 <0.001 ***

 χ2 Df Pr(>Chisq)

Treatment 6.86 3 0.076 .
Site 12.58 2 0.002 **
Year 0.69 2 0.706
Treatment: Year 15.43 6 0.017 *
Site: Year 46.92 4 <0.001 ***

 χ2 Df Pr(>Chisq)

Year 178.36 2 <0.001 ***

Maximal model:  ~  Treatment * Site 

Df Sum Sq Mean Sq F value P(>F) Residuals
Treatment 3 0.10 0.03 0.93 0.435 54
Site 2 1.58 0.79 20.94 <0.001 ***

Total vegetation cover: Final model [(LMM, family= gaussian 
(link="ldentity")]:  ~  Treatment  +Site + Year + Treatment: Year + Site :Year

Eragrostis lehmanniana cover: Final model [(LMM, family= gaussian 
(link="ldentity")]:  ~ Year

Perennial forb cover: Final model [(GLMM, family= beta (link="logit")]:  ~  
Treatment  +Site + Year + Treatment: Year + Site :Year

Annual cover: Final model [(2-way ANOVA]:  ~  Treatment + Site 

C4 perennial grass cover: Final model  [(LMM, family= gaussian 
(link="ldentity")]:  ~ Site + Year + Site :Year
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a 2-way ANOVA (interaction was eliminated from the model due to insignificance). Bold values indicate significance at p<0.05. 
Significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1. 

 

 

 

 

 

 

 
 

 

 

 

 

 

 

 

 

 

 

 

 

 
 

 
 
 
 
 
 
 
 
 
 
Table S4.5. Chi-square estimates and p-values from type 3 Wald chi-squared tests for field soil ecosystem properties soil pH, 
available soil nitrate (NO3

-), ammonium (NH4
+), phosphate (PO4

3-), extractable organic carbon (EOC), extractable total nitrogen 

Maximal model: ~ Treatment *Site * Year  

 χ2 Df Pr(>Chisq)

Site 38.17 2 <0.001 ***

Year 39.02 2 <0.001 ***

Site: Year 55.67 4 <0.001 ***

 χ2 Df Pr(>Chisq)

Treatment 4.16 3 0.244

Site 14.88 2 0.001 ***

Year 1.11 2 0.575

Site: Year 11.56 4 0.021 *

 χ2 Df Pr(>Chisq)

Treatment 3.47 3 0.324

Site 4.49 2 0.106

Year 0.57 2 0.751

Site: Year 32.28 4 <0.001 ***

 χ2 Df Pr(>Chisq)

Site 16.46 2 <0.001 ***

Year 23.65 2 <0.001 ***

Site: Year 39.56 4 <0.001 ***

Maximal model:  ~  Treatment * Site 

Df Sum Sq Mean Sq F value P(>F) Residuals
Teatment 3 0.14 0.05 0.38 0.767 54

Site 2 7.79 3.90 30.95 <0.001 ***

Maximal model: ~ Treatment *Site * Functional Group  

 χ2 Df Pr(>Chisq)

Treatment 3.44 3 0.329

Site 14.11 2 <0.001 ***

Functional Group 10.83 1 <0.001 ***

Site: Functional Group 192.09 2 <0.001 ***

 χ2 Df Pr(>Chisq)

Treatment 0.98 3 0.806

Site 42.12 2 <0.001 ***

Functional Group 6.85 1 0.009 **

Treatment: Site 8.43 6 0.209

Treatment: Fucntional Group 3.95 3 0.266

Site: Functional Group 11.76 2 0.003 **

Treatment: Site: Functional Group 16.38 6 0.012 *

Maximal model: ~ Treatment *Species

 χ2 Df Pr(>Chisq)

Treatment 4.48 3 0.214

Species 99.93 2 <0.001 ***

 χ2 Df Pr(>Chisq)

Species 293.97 2 <0.001 ***

Foliar %C: Final model [(LMM, family= gaussian (link="identity")]: ~ Treatment+ Site + 

Functional Group + Site :Functional Group 

Foliar %N: Final model [(LMM, family= gaussian (link="identity")]: ~ Treatment: 

Site:Functional Group 

Foliar %C (Invasive Lovegrass Site): Final model [(LMM, family= gaussian 

(link="identity")]: ~ Treatment+ Species

Foliar %N (Invasive Lovegrass Site): Final model [(LMM, family= gaussian 

(link="identity")]: ~ Species

H: Final model [(LMM, family= gaussian (link="identity")]: ~ Site  + Year + Site :Year 

H C4 Perennial grass: Final model [(LMM, family= gaussian (link="identity")]: ~ Treatment+ 

Site + Year + Site :Year 

H Perennial forbs: Final model [(LMM, family= gaussian (link="identity")]: ~ Treatment+ Site 

+ Year + Site :Year 

SR: Final model [(GLMM, family= poisson (link="log")]: ~  Site  + Year + Site :Year 

H Annuals: Final model [(2-way ANOVA]:  ~  Treatment + Site 
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(ETN), soil %OC, and soil %N, derived from mixed effects models (LMM) or generalized linear mixed-effects models (GLMM) 
for non-Gaussian distributions. Backward step-wise model selection was used to select the best fitting, simplest model based on a 
5 AICc improvement (maximal model is listed in bold above relevant response variables). Bold values indicate significance at 
p<0.05. Significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1. 

 
 
 
 

Maximal model:  ~ Treatment  * Site * Year  

 χ2 Df Pr(>Chisq)
Site 94.99 2 <0.001 ***
Year 136.85 3 <0.001 ***
Site: Year 138.89 6 <0.001 ***

Maximal model: ~  Treatment * Site * Year+ Treatment * Site* Season

 χ2 Df Pr(>Chisq)
Treatment 4.39 3 0.222
Site 9.54 2 0.008 **
Year 8.48 3 0.037 *
Season 83.73 2 <0.001 ***
Treatment: Year 17.50 9 0.041 *
Site: Season 7.04 4 0.134
Site: Year 28.66 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 5.84 3 0.120
Site 27.83 2 <0.001 ***
Year 48.97 3 <0.001 ***
Season 42.42 2 <0.001 ***
Site: Season 17.08 4 0.002 **
Site: Year 116.22 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 4.3 3 0.235
Site 185.92 2 <0.001 ***
Year 10.31 3 0.016 *
Season 18.47 2 <0.001 ***
Site: Season 18.97 4 0.001 ***
Site: Year 35.09 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 1.54 3 0.672
Site 49.45 2 <0.001 ***
Year 6.20 3 0.102
Season 31.88 2 <0.001 ***
Treatment: Season 3.33 6 0.767
Site: Season 33.38 4 <0.001 ***
Site: Year 76.67 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 4.11 3 0.250
Site 35.09 2 <0.001 ***
Year 18.34 3 <0.001 ***
Season 46.88 2 <0.001 ***
Site: Season 17.01 4 0.002 **
Site: Year 105.75 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Site 1090.04 2 <0.001 ***
Year 112.04 3 <0.001 ***
Site: Year 141.28 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Site 91.88 2 <0.001 ***
Year 40.58 3 <0.001 ***
Site: Year 79.33 6 <0.001 ***

Soil %OC: Final model [(LMM, family= gaussian (link="ldentity")]:  ~   
Site + Year + Site : Year

Soil %N: Final model [(LMM, family= gaussian (link="ldentity")]:  ~   Site 
+ Year + Site : Year

ETN: Final model [(GLMM, family= gamma (link="log")]: Treatment + 
Site + Year+ Season+ Site: Season + Site: Year 

pH: Final model [(LMM, family= gaussian (link="ldentity")]:  ~   Site + 
Year + Site : Year

NO3
- Final model [(GLMM, family= gamma (link="log")]:  ~ Treatment + 

Site + Year+ Season+  Treatment: Year + Site:Season+ Site: Year

NH4
+ Final model [(GLMM, family= gamma (link="log")]:  ~ Treatment + 

Site + Year+ Season+ Site: Season + Site: Year 

PO4
3- Final model [(GLMM, family= gamma (link="log")]:  ~ Treatment + 

Site + Year+ Season+ Site: Season +Site: Year 

EOC: Final model [(GLMM, family= gamma (link="log")]: Treatment + 
Site + Year+ Season+ Treatment: Season+ Site: Season + Site: Year 
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Table S4.6. Chi-square estimates and p-values from type 3 Wald chi-squared tests for field microbial biomass carbon (MBC), 
microbial biomass nitrogen (MBN), and microbial biomass phosphorus (MBP), derived from mixed effects models (LMM) or 
generalized linear mixed-effects models (GLMM) for non-Gaussian distributions. Backward step-wise model selection was used 
to select the best fitting, simplest model based on a 5 AICc improvement (maximal model is listed in bold above relevant response 
variables). Bold values indicate significance at p<0.05. Significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1. 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Table S4.7. Chi-square estimates and p-values from type 3 Wald chi-squared tests for field hydrolytic extracellular enzyme 
potentials β -D-cellobioside (β -cello), β-glucosidase (β-gluc), α-Glucosidase (α-gluc), β-xylosidase (β -xylo), N-

 χ2 Df Pr(>Chisq)
Treatment 2.50 3 0.476
Site 35.57 2 <0.001 ***
Year 2.68 3 0.443
Season 13.83 2 0.001 ***
Site: Season 16.14 4 0.003 **
Site: Year 91.06 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 1.31 3 0.727
Site 24.42 2 <0.001 ***
Year 35.19 3 <0.001 ***
Season 61.95 2 <0.001 ***
Site: Season 8.24 4 0.083 .
Site: Year 105.31 6 <0.001

 χ2 Df Pr(>Chisq)
Treatment 1.98 3 0.577
Site 2.08 2 0.353
Year 14.22 3 0.003 **
Season 12.65 2 0.002 **
Site: Season 11.09 4 0.026 *
Site: Year 10.30 6 0.113

MBC: Final model [(GLMM, family= gamma (link="log")]:  
~  Treatment+ Site + Year+ Season+ Site: Season + Site: Year 

MBN: Final model [(GLMM, family= gamma (link="log")]:  
~ Treatment+ Site + Year+ Season+ Site: Season + Site: Year 

MBP: Final model [(GLMM, family= gamma (link="log")]: ~ 
Treatment+ Site + Year+ Season+ Site: Season + Site: Year 
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acetylglucosaminidase (NAG), leucyl aminopeptidase (LAP), acid phosphatase (Phos) and phosphodiesterase (Phos-D), and 
oxidative enzymes peroxidase (Perox), and phenol oxidase (Phenol), derived from mixed effects models (LMM) or generalized 
linear mixed-effects models (GLMM) for non-Gaussian distributions. Backward step-wise model selection was used to select the 
best fitting, simplest model based on a 5 AICc improvement (maximal model is listed in bold above relevant response variables). 
Bold values indicate significance at p<0.05. Significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1.  

 
 

Maximal model:  ~  Treatment  * Site * Year  

 χ2 Df Pr(>Chisq)
Site 26.62 2 <0.001 ***
Year 23.69 3 <0.001 ***
Site: Year 53.25 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Site 28.86 2 <0.001 ***
Year 65.63 3 <0.001 ***
Site: Year 58.71 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 2.46 3 0.482
Site 22.70 2 <0.001 ***
Year 41.84 3 <0.001 ***
Site: Year 58.57 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Site 50.06 2 <0.001 ***
Year 52.30 3 <0.001 ***
Site: Year 72.87 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 2.42 3 0.490
Site 5.68 2 0.058 .
Year 99.31 3 <0.001 ***
Site: Year 33.14 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 2.71 3 0.438
Site 7.63 2 0.022 *
Year 1.37 3 0.713
Site: Year 83.04 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 3.49 3 0.321
Site 14.67 2 0.001 ***
Year 110.45 3 <0.001 ***
Site: Year 73.34 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 7.48 3 0.058 .
Site 19.32 2 <0.001 ***
Year 32.57 3 <0.001 ***
Site: Year 65.30 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 3.60 3 0.308
Site 2.66 2 0.264
Year 20.68 3 <0.001 ***
Site: Year 28.65 6 <0.001 ***

 χ2 Df Pr(>Chisq)
Treatment 0.67 3 0.881
Site 5.81 2 0.055 .
Year 38.08 3 <0.001 ***
Site: Year 27.78 6 <0.001 ***

LAP: Final model [(GLMM, family= gamma (link=""log"")]: 
~ Treatment + Site + Year+ Site: Year 

Phos: Final model [(GLMM, family= gamma (link=""log"")]: 
~ Treatment + Site + Year+ Site: Year 

Phos-D: Final model [(GLMM, family= gamma 
(link=""log"")]: ~ Treatment + Site + Year+ Site: Year 

Phenol: Final model [(LMM, family= gaussian 
(link="ldentity")]:  ~  Treatment + Site + Year + Site : Year

Perox: Final model [(GLMM, family= gamma (link="log")]:  ~  
Treatment + Site + Year + Site : Year

β-cello: Final model[(GLMM, family= gamma (link="log")]: ~ 
Site + Year+ Site: Year

β-gluc: Final model [(GLMM, family= gamma (link="log")]:  
~  Site  + Year + Site: Year 

α-gluc: Final model [(GLMM, family= gamma (link="log")]: ~ 
Treatment + Site + Year+  Site: Year

β-xylo: Final model [(GLMM, family= gamma (link="log")]: ~ 
Site + Year+ Site: Year 

NAG: Final model [(GLMM, family= gamma (link="log")]: ~ 
Treatment + Site + Year+ Site: Year 
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Table S4.8. Summary of 2-way ANOVA analyses for net N-mineralization, nitrification, and ammonification in a 30-day laboratory 
incubation experiment. Initial nitrate (NO3

-) and ammonium (NH4
+) were assessed before the start of the incubation. Interaction 

terms were eliminated from the model if they were not significant. Bold values indicate significance at p<0.05. Significance codes:  
*** < 0.001, ** p<0.01, * p< 0.05, . p<0.1. 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Table S4.9. Summary statistics nitric oxide (NO) and initial nitrate (NO3

-), ammonium (NH4
+), and phosphate (PO4

3+) 
concentrations in a 1 and 24-hour laboratory incubation experiment using soils gathered from a 4-year field N addition treatment 
(Ambient, +N low, and  +N high treatment plots). Soils were treated with water (DI) or N (+N high) in the laboratory. NO efflux 
was measured at 1 and 24 hours. For NO efflux, chi-square estimates and p-values from type 3 Wald chi-squared tests were derived 
from a generalized linear mixed-effects model (GLMM). Backward step-wise model selection was used to select the best fitting, 
simplest model based on a 5 AICc improvement (maximal model is listed in bold above relevant response variables). Initial NO3

- , 

Maximal model:  ~  Treatment * Site 

Df Sum Sq Mean Sq F value P(>F) Residuals
Treatment 3 4.76 1.59 3.70 0.017 * 54
Site 2 132.59 66.30 154.42 <0.001 ***

Df Sum Sq Mean Sq F value P(>F) Residuals
Treatment 3 3.04 1.01 3.76 0.016 * 54
Site 2 50.55 25.28 93.87 <0.001 ***

Df Sum Sq Mean Sq F value P(>F) Residuals
Treatment 3 0.202 0.0672 0.631 0.599 48
Site 2 0.657 0.3284 3.082 0.055 .
Treatment : Site 6 1.576 0.2627 2.466 0.037 *

Df Sum Sq Mean Sq F value P(>F) Residuals
Treatment 3 2.41 0.80 1.28 0.290 54
Site 2 1.93 0.96 1.54 0.224

Df Sum Sq Mean Sq F value P(>F) Residuals
Treatment 3 0.06 0.02 0.18 0.911 54
Site 2 10.18 5.09 49.66 <0.001 ***

Initial NO3- : Final model [(2-way ANOVA]:  ~  Treatment + Site 

Initial NH4+ : Final model [(2-way ANOVA]:  ~  Treatment + Site 

Net nitrification: Final model [(2-way ANOVA]:  ~  Treatment + Site 

N-mineralization: Final model [(2-way ANOVA]:  ~  Treatment + Site 

Net ammonification : Final model [(2-way ANOVA]:  ~  Treatment : Site 
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NH4
+, and PO4

3+ were assessed before the start of the incubation and were analyzed using 2-way ANOVA. For 2-way ANOVA 
analyses, interaction terms were eliminated from models if they were not significant. Bold values indicate significance at p<0.05. 
Significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1. 

 
 
 
 
 
Table S5.1. Sampling scheme for measured variables. * Variables measured three times per year were only measured during the monsoon 
season of 2018. 

 
 

 
 
 
 
 
Table S5.2. Best predictor variables for relative cover and foliar %C and %N from multiple mixed effects models including N addition 
treatments (Ambient N, +C, +N low, and +N high), Eragrostis lehmanniana removal treatments (G= non-removal and GR= removal 
treatment), and year (2018, 2019, and 2021). All estimates shown are relative proportions. In 2020, most cover values were zero due to 
extreme drought; thus, 2020 data was omitted from analyses. For total relative % cover, the Ambient N and G treatments in 2018 were set 

Maximal model:  ~   Lab N treatment * Field N treatment* Site * Incubation period 

 χ2 Df Pr(>Chisq)
Lab N treatment 0.40 1 0.525
Field N treatment 0.03 2 0.985
Site 0.37 2 0.830
Incubation Period 23.02 1 <0.001 ***
Lab N treatment: Field N treatment 0.01 2 0.994
Lab N treatment: Site 0.01 2 0.996
Lab N treatment: Incubation period 22.23 1 <0.001 ***
Field N treatment: Incubation period 8.19 2 0.017 *
Site: Incubation period 11.45 2 0.003 **
Lab N treatment: Field N treatment: Incubation period 6.33 2 0.042 *
Lab N treatment: Site: Incubation period 2.74 2 0.254
Maximal model:  ~ Field N treatment * Site 

Df Sum Sq Mean Sq F value P(>F) Residuals
Field N treatment 2 1.35 0.68 3.38 0.044 * 40

Site 2 20.20 10.10 50.55 <0.001 ***

Df Sum Sq Mean Sq F value P(>F) Residuals
Field N treatment 2 0.86 0.43 1.98 0.151 40

Site 2 4.88 2.44 11.30 <0.001 ***

Df Sum Sq Mean Sq F value P(>F) Residuals
Field N treatment 2 1.61 0.81 1.63 0.208 40

Site 2 75.18 37.59 75.99 <0.001 ***

Initial NO3- : Final model [(2-way ANOVA]:  ~ Field N treatment + Site 

Initial NH4+ : Final model [(2-way ANOVA]:   ~ Field N treatment + Site 

Initial PO4
3- : Final model [(2-way ANOVA]: ~ Field N treatment + Site 

NO flux: Final model [(GLMM, family= gamma (link=""log"")]: ~  Lab N treatment+ Field N treatment + Site 
+Incubation period +  Lab N treatment: Field N treatment+  Field N treatment: Site+  Lab N treatment: Incubation 
period+ Field N treatment : Incubation period+ Site: Incubation period+ Lab N treatment: Field N treatment: Incubaiotn 
period

 

Variables  Sampling period  Sampling frequency  
% Cover Peak biomass (October) 1x/ annually 

Foliar %C and %N Monsoon 2021 1x (4th year only)  
Soil moisture  Pre-monsoon, monsoon, and winter 3x/ annually*  

Soil pH Monsoon 1x/ annually 
Available nutrients  Pre-monsoon, monsoon, and winter 3x/ annually* 

EOC & ETN Pre-monsoon, monsoon, and winter 3x/ annually* 
Soil %OC & %N Monsoon  1x/ annually 

MBC, MBN, & MBP Pre-monsoon, monsoon, and winter 3x/ annually* 
Extracellular enzyme potentials  Monsoon  1x/ annually 
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as the reference and are represented by the intercept (highlighted in grey). For all other % cover, the reference level was set as the G 
treatments in 2018 and is represented by the intercept. Bold values indicate significant effects (95% confidence intervals that do not 
encompass zero). P(>|z|) significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1. All treatment effects are relative to the intercept, 
i.e., Ambient N, G plots in 2018. A significant treatment: year interaction indicates that the treatment effect was significantly different 
from the treatment effect in 2018; a non-significant treatment: year interaction means the effect in that year was the same as in 2018. 

 

Maximal model:  ~  N * Removal * Year + (1 | plot.id)

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 0.32 0.03 11.69 < 0.001 *** 0.26 0.37 0.68 0.68 -147.65
+C 0.02 0.03 0.68 0.498 -0.03 0.07
+N Low -0.01 0.03 -0.22 0.822 -0.06 0.04
+N High 0.03 0.03 1.17 0.244 -0.02 0.08
GR -0.21 0.03 -6.82 < 0.001 *** -0.28 -0.16
Year 2019 -0.18 0.03 -5.77 < 0.001 *** -0.24 -0.12
Year 2021 0.10 0.03 3.34 0.001 *** 0.04 0.16
GR: Year 2019 0.13 0.04 2.97 0.003 ** 0.05 0.22
GR: Year 2021 0.18 0.04 3.99 < 0.001 *** 0.09 0.27

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 0.84 0.24 3.53 < 0.001 *** 0.37 1.33 0.81 0.94 -128.96
GR -1.99 0.34 -5.90 < 0.001 *** -2.77 -1.30
Year 2019 0.56 0.30 1.84 0.065 . 0.005 1.19
Year 2021 -2.47 0.36 -6.89 < 0.001 *** -3.15 -1.87
GR: Year 2019 -0.70 0.43 -1.62 0.105 -1.64 0.15
GR: Year 2021 1.86 0.44 4.22 < 0.001 *** 1.04 2.81

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) -1.28 0.26 -4.93 < 0.001 *** -1.85 -0.74 0.22 0.55 -108.00
GR 0.84 0.35 2.38 0.017 * 0.11 1.57
Year 2019 -0.38 0.32 -1.17 0.240 -1.02 0.30
Year 2021 0.01 0.33 0.04 0.966 -0.62 0.68
GR: Year 2019 0.11 0.44 0.25 0.802 -0.75 1.05
GR: Year 2021 -1.03 0.46 -2.23 0.026 * -1.94 -0.11

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) -2.00 0.27 -7.30 < 0.001 *** -2.59 -1.55 0.32 0.56 -161.51
GR 0.91 0.35 2.63 0.009 ** 0.27 1.67
Year 2019 -0.31 0.32 -0.97 0.334 -0.93 0.32
Year 2021 0.54 0.31 1.714 0.086 . -0.10 1.17
GR: Year 2019 0.60 0.43 1.39 0.165 -0.30 1.48
GR: Year 2021 -0.30 0.43 -0.71 0.476 -1.21 0.53

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) -4.12 0.31 -13.23 < 0.001 *** -4.68 -3.59 0.55 0.67 -467.99
GR 0.05 0.37 0.14 0.891 -0.67 0.81
Year 2019 -0.35 0.28 -1.26 0.209 -0.93 0.21
Year 2021 4.27 0.27 15.70 < 0.001 *** 3.81 4.79
GR: Year 2019 0.46 0.38 1.21 0.226 -0.32 1.29
GR: Year 2021 -0.24 0.29 -0.81 0.420 -0.86 0.37
Maximal model:  ~  N  * Removal * Species  +(1 | plot.id)

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 43.34 0.33 131.20 <0.001 *** 42.72 43.98 0.66 0.68 343.38
+C 0.31 0.36 0.85 0.394 -0.39 1.05
+N Low 0.67 0.35 1.91 0.056 . -0.06 1.35
+N High 0.48 0.36 1.33 0.182 -0.24 1.14
GR 0.22 0.26 0.86 0.388 -0.27 0.71
Species ENDE 1.05 0.28 3.70 <0.001 *** 0.49 1.59
Species SIAB -2.88 0.29 -9.86 <0.001 *** -3.46 -2.35

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 2.18 0.07 30.58 <0.001 *** 2.05 2.32 0.83 0.89 16.46
+C -0.14 0.08 -1.86 0.063 . -0.29 0.02
+N Low -0.03 0.08 -0.40 0.686 -0.17 0.11
+N High -0.12 0.08 -1.55 0.120 -0.28 0.03
GR 0.00 0.07 0.05 0.958 -0.14 0.15
Species ENDE -0.09 0.06 -1.45 0.148 -0.21 0.02
Species SIAB 0.91 0.06 14.84 <0.001 *** 0.78 1.03
GR: Species ENDE 0.00 0.08 0.01 0.992 -0.15 0.16
GR: Species SIAB 0.11 0.09 1.22 0.223 -0.07 0.28

Total vegetation: Final model [(LMM, family= gaussian (link="ldentity")]:  ~  N + 
Removal  + Year + Removal :Year + (1 | plot.id)

Annuals: Final model [(GLMM, family= beta (link="logit")]:  ~  Removal  + Year + 
Removal :Year + (1 | plot.id)

Perennial forbs: Final model [(GLMM, family= beta (link="logit")]: ~  Removal  + 
Year + Removal :Year + (1 | plot.id)

Native perennial C4 grasses: Final model [(GLMM, family= beta (link="logit")]: ~  
Removal  + Year + Removal :Year + (1 | plot.id)

Eragrostis lehmanniana: Final model [(GLMM, family= beta (link="logit")]:  ~  
Removal  + Year + Removal :Year + (1 | plot.id)

Foliar %C: Final model [(LMM, family= gaussian (link="ldentity")]:  ~  N  + 
Removal  + Species + (1 | plot.id)

Foliar %N: Final model [(LMM, family= gaussian (link="ldentity")]:  ~  N  + 
Removal  + Species +Removal: Species + (1 | plot.id)
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Table S5.3. Best predictor variables for species richness (SR), Shannon’s diversity (H), and H for functional groups from multiple mixed 
effects models and 2-way ANOVA (H Annuals only), which assessed Eragrostis lehmanniana removal treatments (G= Eragrostis 
lehmanniana present and GR= Eragrostis lehmanniana removed), N addition treatments: Ambient N (background N deposition, ~4kg N 
ha-1 yr-1), C addition treatment (+C,  6g of sucrose), +N low treatment (+2 kg N ha-1 yr-1), and +N high treatment (+4 kg N ha-1 yr-1), and 
year (2018, 2019, and 2021). In 2020, most values were zero due to extreme drought. Thus 2020 data was omitted from analyses. 
Additionally, annual species H was only analyzed in 2021 due to the low number of annual species from 2018-2020. The reference level 
for mixed effects models was set as the G, Ambient N treatments in 2018 and is represented by the intercept (highlighted in grey). Bold 
values indicate significant effects (95% confidence intervals that do not encompass zero). P(>|z|) significance codes:  *** < 0.001, ** 
p<0.01, * p< 0.05, . p<0.1. A significant treatment: year interaction indicates that the treatment effect was significantly different from 
2018; a non-significant treatment: year interaction means the effect in that year was the same as in 2018. 

 

Full model: ~ N *Removal * Year  +(1 | plot.id)

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc

(Intercept) 0.79 0.10 7.59 < 0.001 *** 0.58 0.99 0.55 0.68 122.72
+C -0.13 0.11 -1.15 0.248 -0.35 0.09
+N Low -0.04 0.11 -0.38 0.706 -0.26 0.18
+N High -0.09 0.11 -0.80 0.424 -0.31 0.13
GR 0.38 0.11 3.42 0.001 *** 0.16 0.59
Year 2019 -0.22 0.09 -2.37 0.018 * -0.41 -0.04
Year 2021 0.86 0.09 9.18 < 0.001 *** 0.68 1.04
GR: Year 2019 0.09 0.13 0.70 0.487 -0.17 0.35
GR: Year 2021 -0.50 0.13 -3.76 < 0.001 *** -0.76 -0.24

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 0.39 0.06 6.88 < 0.001 *** 0.29 0.50 0.15 0.34 59.11
GR 0.09 0.06 1.45 0.147 -0.03 0.22
Year 2019 -0.07 0.06 -1.18 0.240 -0.18 0.04
Year 2021 0.19 0.06 3.37 0.001 *** 0.07 0.30

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc

(Intercept) 0.88 0.15 5.87 < 0.001 *** 0.58 1.18 0.27 0.41 199.27

+C -0.02 0.15 -0.16 0.873 -0.36 0.29
+N Low -0.18 0.15 -1.16 0.246 -0.49 0.11
+N High 0.05 0.15 0.30 0.766 -0.28 0.34
GR -0.26 0.16 -1.65 0.098 . -0.56 0.06
Year 2019 -0.64 0.14 -4.49 < 0.001 *** -0.90 -0.36
Year 2021 0.20 0.14 1.41 0.158 -0.05 0.48
GR: Year 2019 0.39 0.20 1.93 0.053 . -0.01 0.75
GR: Year 2021 -0.09 0.20 -0.43 0.668 -0.51 0.27

df Sum Sq Mean Sq F value P(>F)
N 3 0.249 0.08286 0.542 0.657
Removal 1 0.095 0.09484 0.621 0.436
Residuals 34

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc

(Intercept) 1.79 0.11 16.12 < 0.001 *** 1.58 2.01 0.51 0.56 520.67
+C -0.02 0.10 -0.15 0.878 -0.22 0.19
+N Low -0.05 0.10 -0.52 0.604 -0.26 0.15
+N High -0.01 0.10 -0.05 0.959 -0.21 0.20
GR -0.16 0.14 -1.15 0.251 -0.42 0.11
Year 2019 -0.64 0.16 -4.10 < 0.001 *** -0.95 -0.34
Year 2021 0.62 0.11 5.42 < 0.001 *** 0.39 0.84
GR: Year 2019 0.40 0.22 1.83 0.067 . -0.03 0.82
GR: Year 2021 -0.09 0.17 -0.54 0.588 -0.42 0.24

H: Final model [(LMM, family= gaussian (link="identity")]: ~  N + 
Removal  + Year + Removal :Year + (1 | plot.id)

SR Final model [(GLMM, family= poisson (link="log")]: ~  N + Removal  
+ Year + Removal :Year + (1 | plot.id)

H Perennial forbs: Final model [(LMM, family= gaussian 
(link="identity")]: ~  N + Removal  + Year + Removal :Year + (1 | plot.id)

H Annuals (2021 only): Final model ANOVA: ~ N+  Removal 

H C4 grasses [(LMM, family= gaussian (link="identity")]:  ~  Removal  + 
Year  (1 | plot.id)
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Table S5.4: Best predictor variables for soil ecosystem properties from multiple mixed effects models which assessed Eragrostis 
lehmanniana removal treatments (G= Eragrostis lehmanniana present and GR= Eragrostis lehmanniana removed), N addition treatments: 
Ambient N (background N deposition, ~4kg N ha-1 yr-1), C addition treatment (+C,  6g of sucrose), +N low treatment (+2 kg N ha-1 yr-1), 
and +N high treatment (+4 kg N ha-1 yr-1), season (pre-monsoon, monsoon, and winter), and year (2018 - 2021). Soil % organic C (%OC) 
and total N (%TN) were only measured annually during the monsoon season. For all variables measured each year and season, the reference 
level was set as the G, Ambient N treatments during the pre-monsoon season in 2018 and is represented by the intercept (highlighted in 
grey). The reference level for soil %OC and %TN was set as the G, Ambient N treatments in 2018 and is represented by the intercept 
(highlighted in grey). Bold values indicate significant effects (95% confidence intervals that do not encompass zero). P(>|z|) significance 
codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1. A significant treatment: year interaction indicates that the treatment effect was 
significantly different from 2018; a non-significant treatment: year interaction means the effect in that year was the same as in 2018. 
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Maximal model:  ~  N  * Removal * Year  +(1 | plot.id)

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 7.65 0.04 213.87 < 0.001 *** 7.59 7.72 0.60 0.60 -108.38
+C 0.02 0.04 0.35 0.729 -0.07 0.11
+N Low 0.03 0.04 0.77 0.442 -0.06 0.12
+N High 0.05 0.04 1.04 0.298 -0.04 0.13
GR 0.05 0.04 1.04 0.298 -0.04 0.13
Year 2019 0.29 0.03 9.38 < 0.001 *** 0.23 0.35
Year 2020 0.45 0.03 14.89 < 0.001 *** 0.39 0.51
Year 2021 0.23 0.03 7.57 < 0.001 *** 0.17 0.28
+C: GR -0.01 0.06 -0.08 0.935 -0.13 0.12
+N Low: GR 0.01 0.06 0.18 0.854 -0.10 0.13
+N High: GR -0.12 0.06 -1.88 0.060 . -0.23 0.00

Full model:  ~   N treatment * Removal * Year+ N treatment * Removal* Season+ (1 | plot.id)

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 1.35 0.31 4.44 <0.001 *** 0.77 1.94 0.22 0.53 1802.23
+C -0.34 0.34 -0.99 0.322 -1.08 0.27
+N Low -0.45 0.34 -1.30 0.194 -1.12 0.18
+N High -0.26 0.34 -0.75 0.455 -0.94 0.41
GR 0.57 0.43 1.33 0.184 -0.29 1.46
Year 2019 -0.08 0.17 -0.46 0.645 -0.43 0.28
Year 2020 0.54 0.18 3.00 0.003 ** 0.20 0.89
Year 2021 0.58 0.18 3.18 0.001 ** 0.23 0.94
Season Winter -0.72 0.12 -6.12 < 0.001 *** -0.95 -0.50
Season Monsoon -0.04 0.12 -0.33 0.740 -0.27 0.19
+C: GR 0.21 0.49 0.42 0.672 -0.70 1.23
+N Low: GR 0.81 0.49 1.66 0.097 . -0.14 1.77
+N High: GR 0.71 0.49 1.47 0.143 -0.28 1.67
GR: Season Winter 0.25 0.16 1.51 0.132 -0.09 0.56
GR: Season Monsoon -0.30 0.16 -1.83 0.068 . -0.63 0.02
GR: Year 2019 -0.44 0.25 -1.77 0.076 . -0.92 0.09
GR: Year 2020 -0.89 0.25 -3.52 < 0.001 *** -1.40 -0.42
GR: Year 2021 -1.01 0.25 -3.98 < 0.001 *** -1.52 -0.53

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 0.86 0.25 3.47 0.001 *** 0.38 1.35 0.39 0.43 1656.78
+C -0.11 0.20 -0.57 0.570 -0.50 0.27
+N Low -0.18 0.20 -0.91 0.361 -0.57 0.21
+N High -0.34 0.20 -1.73 0.084 . -0.72 0.05
GR -0.48 0.36 -1.35 0.177 -1.17 0.22
Year 2019 -0.12 0.21 -0.56 0.572 -0.53 0.29
Year 2020 1.13 0.20 5.72 < 0.001 *** 0.74 1.52
Year 2021 0.61 0.22 2.74 0.006 ** 0.17 1.04
Season Winter 0.16 0.15 1.07 0.283 -0.13 0.45
Season Monsoon -0.26 0.14 -1.94 0.052 . -0.53 0.00
+C: GR 0.23 0.28 0.83 0.407 -0.31 0.78
+N Low: GR 0.35 0.28 1.24 0.214 -0.20 0.89
+N High: GR 0.40 0.28 1.43 0.152 -0.15 0.94
GR: Year 2019 0.28 0.30 0.94 0.346 -0.31 0.87
GR: Year 2020 0.35 0.28 1.22 0.221 -0.21 0.90
GR: Year 2021 0.16 0.32 0.50 0.619 -0.47 0.78
GR: Season Winter -0.15 0.21 -0.70 0.485 -0.56 0.27
GR: Season Monsoon -0.07 0.19 -0.35 0.726 -0.45 0.31

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc

(Intercept) 1.61 0.15 10.90 <0.001 *** 1.32 1.89 0.34 0.72 1260.36
+C -0.13 0.18 -0.69 0.489 -0.49 0.23
+N Low -0.27 0.18 -1.48 0.140 -0.63 0.09
+N High -0.31 0.18 -1.70 0.089 . -0.68 0.05
GR -0.20 0.21 -0.96 0.335 -0.61 0.21
Year 2019 -0.23 0.07 -3.32 0.001 *** -0.36 -0.09
Year 2020 0.29 0.07 4.26 < 0.001 *** 0.15 0.42
Year 2021 0.26 0.07 3.87 < 0.001 *** 0.13 0.40
Season Winter -0.27 0.04 -6.17 < 0.001 *** -0.36 -0.19
Season Monsoon -0.11 0.04 -2.59 0.010 ** -0.20 -0.03
+C: GR -0.13 0.26 -0.50 0.615 -0.64 0.38
+N Low: GR 0.34 0.26 1.30 0.194 -0.17 0.85
+N High: GR 0.21 0.26 0.81 0.416 -0.30 0.72
GR: Season Winter -0.01 0.06 -0.15 0.878 -0.13 0.11
GR: Season Monsoon 0.08 0.06 1.24 0.216 -0.05 0.20
GR: Year 2019 0.17 0.10 1.76 0.079 . -0.02 0.36
GR: Year 2020 0.08 0.10 0.82 0.410 -0.11 0.27
GR: Year 2021 0.07 0.10 0.73 0.463 -0.12 0.26

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc

(Intercept) 5.34 0.16 32.77 < 0.001 *** 5.02 5.66 0.32 0.65 4705.76
+C -0.13 0.21 -0.60 0.546 -0.53 0.28
+N Low -0.35 0.21 -1.67 0.095 . -0.76 0.06
+N High -0.32 0.21 -1.55 0.121 -0.73 0.09
GR -0.25 0.21 -1.19 0.235 -0.67 0.17
Year 2019 0.33 0.06 5.16 < 0.001 *** 0.21 0.46
Year 2020 0.86 0.06 13.54 < 0.001 *** 0.74 0.99
Year 2021 0.52 0.07 7.88 < 0.001 *** 0.39 0.65
Season Winter -0.22 0.06 -3.79 < 0.001 *** -0.34 -0.11
Season Monsoon -0.16 0.06 -2.82 0.005 ** -0.27 -0.05
+C: GR -0.03 0.29 -0.09 0.926 -0.60 0.55
+N Low: GR 0.41 0.29 1.40 0.160 -0.16 0.99
+N High: GR 0.27 0.29 0.90 0.367 -0.31 0.84
GR: Season Winter 0.01 0.08 0.10 0.923 -0.16 0.17
GR: Season Monsoon 0.06 0.08 0.83 0.407 -0.09 0.22

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc

(Intercept) 2.98 0.18 16.77 0.000 *** 2.64 3.33 0.48 0.74 3129.37
+C -0.16 0.21 -0.73 0.463 -0.58 0.26
+N Low -0.34 0.21 -1.58 0.114 -0.76 0.08
+N High -0.32 0.21 -1.47 0.141 -0.74 0.10
GR 0.00 0.25 0.01 0.996 -0.49 0.50
Year 2019 0.45 0.09 4.88 < 0.001 *** 0.27 0.62
Year 2020 1.23 0.09 13.66 < 0.001 *** 1.06 1.41
Year 2021 1.23 0.09 13.07 < 0.001 *** 1.05 1.42
Season Winter -0.45 0.06 -7.46 < 0.001 *** -0.57 -0.33
Season Monsoon -0.07 0.06 -1.17 0.241 -0.19 0.05
+C: GR 0.09 0.30 0.30 0.761 -0.50 0.69
+N Low: GR 0.53 0.30 1.74 0.082 . -0.07 1.12
+N High: GR 0.43 0.30 1.43 0.153 -0.16 1.03
GR: Season Winter 0.05 0.09 0.57 0.571 -0.12 0.21
GR: Season Monsoon -0.04 0.09 -0.49 0.621 -0.21 0.12
GR: Year 2019 -0.18 0.13 -1.36 0.174 -0.44 0.08
GR: Year 2020 -0.35 0.13 -2.69 0.007 ** -0.60 -0.10
GR: Year 2021 -0.34 0.14 -2.53 0.011 * -0.61 -0.08

Maximal model:  ~  N  * Removal * Year  +(1 | plot.id)

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 7.30 0.45 16.22 <0.001 *** 6.50 8.21 0.19 0.63 477.75
+C -0.38 0.62 -0.61 0.543 -1.57 0.85
+N Low 0.19 0.62 0.31 0.758 -1.04 1.42
+N High -0.04 0.62 -0.06 0.952 -1.29 1.09
GR 0.32 0.62 0.52 0.604 -0.90 1.54
Year 2019 -0.97 0.18 -5.36 < 0.001 *** -1.30 -0.64
Year 2020 -0.53 0.18 -2.94 < 0.001 ** -0.85 -0.20
Year 2021 -0.95 0.18 -5.25 < 0.001 *** -1.26 -0.59
+C: GR 0.26 0.87 0.30 0.762 -1.47 2.01
+N Low: GR -0.14 0.87 -0.16 0.876 -1.82 1.56
+N High: GR -1.23 0.87 -1.41 0.157 -3.02 0.58

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 0.13 0.01 10.39 <0.001 *** 0.11 0.16 0.09 0.73 -492.26
GR 0.00 0.02 0.17 0.867 -0.03 0.04
Year 2019 0.02 0.01 1.60 0.111 0.00 0.03
Year 2020 0.05 0.01 5.56 < 0.001 *** 0.03 0.07
Year 2021 0.04 0.01 4.48 < 0.001 *** 0.02 0.06
GR: Year 2019 -0.01 0.01 -0.62 0.536 -0.03 0.02
GR: Year 2020 -0.03 0.01 -1.96 0.050 * -0.05 0.001
GR: Year 2021 -0.02 0.01 -1.60 0.110 -0.05 0.01

pH: Final model [(LMM, family= gaussian (link="ldentity")]:  ~  N  + Removal  + Year + N : 
Removal + (1 | plot.id)

NH4
+ Final model [(GLMM, family= gamma (link="log")]:  ~ N treatment + Removal + Year+ 

Season+ N treatment: Removal +  Removal: Season+ Removal: Year + (1 | plot.id)

PO4
3- Final model [(GLMM, family= gamma (link="log")]:  ~ N treatment + Removal + Year+ 

Season+ N treatment: Removal +  Removal: Season+ Removal: Year + (1 | plot.id)

EOC: Final model [(GLMM, family= gamma (link="log")]:  ~ N treatment + Removal + Year+ 
Season+ N treatment: Removal +  Removal: Season+ (1 | plot.id)

ETN: Final model [(GLMM, family= gamma (link="log")]:  ~ N treatment + Removal + Year+ 
Season+ N treatment: Removal +  Removal: Season+ Removal: Year + (1 | plot.id)

NO3
- Final model [(GLMM, family= gamma (link="log")]:  ~ N treatment + Removal + Year+ 

Season+ N treatment: Removal +  Removal: Season+ Removal: Year+ (1 | plot.id)

Soil %OC: Final model [(LMM, family= gaussian (link="ldentity")]:  ~  N  + Removal  + Year + 
N : Removal + (1 | plot.id)

Soil %TN: Final model [(LMM, family= gaussian (link="ldentity")]:  ~   Removal  + Year +   
Remova: Yearl + (1 | plot.id)
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Table S5.5. Best predictor variables for microbial biomass carbon (MBC), microbial biomass nitrogen (MBN), and microbial biomass 
phosphorous (MBP) from multiple mixed effects models which assessed Eragrostis lehmanniana removal treatments (G= Eragrostis 
lehmanniana present and GR= Eragrostis lehmanniana removed), N addition treatments: Ambient N (background N deposition, ~4kg N 
ha-1 yr-1), C addition treatment (+C,  6g of sucrose), +N low treatment (+2 kg N ha-1 yr-1), and +N high treatment (+4 kg N ha-1 yr-1), season 
(pre-monsoon, monsoon, and winter), and year (2018 - 2021). The reference level was set as the G, Ambient N treatments during the pre-
monsoon season in 2018 and is represented by the intercept (highlighted in grey). Bold values indicate significant effects (95% confidence 
intervals that do not encompass zero). P(>|z|) significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1. A significant treatment: year 
interaction indicates that the treatment effect was significantly different from 2018; a non-significant treatment: year interaction means the 
effect in that year was the same as in 2018. 

 
 
 
 

Table S5.6: Best predictor variables for soil extracellular enzyme potentials which assessed Eragrostis lehmanniana removal treatments 
(G= Eragrostis lehmanniana present and GR= Eragrostis lehmanniana removed), N addition treatments: Ambient N (background N 
deposition, ~4kg N ha-1 yr-1), C addition treatment (+C,  6g of sucrose), +N low treatment (+2 kg N ha-1 yr-1), and +N high treatment (+4 

Full model:  ~   N * Removal * Year+ N treatment * Removal* Seasonf+ (1 | plot.id)

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 5.54 0.22 25.40 < 0.001 *** 5.09 5.96 0.35 0.40 4799.62
+C -0.08 0.17 -0.44 0.661 -0.40 0.27
+N Low -0.29 0.17 -1.67 0.096 . -0.63 0.05
+N High -0.23 0.17 -1.33 0.184 -0.57 0.10
GR -0.10 0.31 -0.32 0.750 -0.71 0.50
Year 2019 -1.07 0.17 -6.14 < 0.001 *** -1.42 -0.72
Year 2020 -0.59 0.18 -3.21 0.001 ** -0.95 -0.24
Year 2021 -0.04 0.18 -0.24 0.813 -0.39 0.30
Season Winter 0.56 0.12 4.51 < 0.001 *** 0.34 0.79
Season Monsoon 0.26 0.12 2.23 0.026 * 0.01 0.48
+C: GR -0.13 0.24 -0.53 0.597 -0.61 0.35
+N Low: GR 0.19 0.24 0.77 0.444 -0.30 0.69
+N High: GR 0.33 0.24 1.34 0.179 -0.15 0.82
GR: Season Winter 0.03 0.18 0.20 0.846 -0.28 0.31
GR: Season Monsoon 0.02 0.16 0.14 0.886 -0.32 0.34
GR: Year 2019 -0.01 0.25 -0.05 0.963 -0.52 0.50
GR: Year 2020 -0.15 0.26 -0.56 0.574 -0.64 0.36
GR: Year 2021 -0.23 0.25 -0.95 0.341 -0.72 0.29

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc
(Intercept) 3.48 0.24 14.46 < 0.001 *** 2.96 3.92 0.48 0.52 3161.88
+C -0.06 0.19 -0.31 0.760 -0.42 0.33
+N Low -0.22 0.19 -1.14 0.255 -0.57 0.16
+N High -0.19 0.19 -1.02 0.306 -0.58 0.19
GR -0.19 0.34 -0.57 0.570 -0.84 0.54
Year 2019 -1.40 0.20 -6.94 < 0.001 *** -1.76 -1.01
Year 2020 -0.21 0.19 -1.07 0.285 -0.58 0.20
Year 2021 0.13 0.19 0.68 0.496 -0.24 0.56
Season Winter -0.22 0.13 -1.70 0.090 . -0.48 0.04
Season Monsoon 0.49 0.13 3.92 < 0.001 *** 0.24 0.75
+C: GR -0.14 0.27 -0.53 0.594 -0.71 0.38
+N Low: GR 0.13 0.27 0.47 0.638 -0.49 0.63
+N High: GR 0.30 0.27 1.10 0.271 -0.24 0.83
GR: Season Winter 0.11 0.18 0.61 0.543 -0.26 0.47
GR: Season Monsoon 0.12 0.18 0.65 0.515 -0.24 0.48
GR: Year 2019 0.18 0.29 0.62 0.535 -0.37 0.69
GR: Year 2020 -0.07 0.28 -0.26 0.792 -0.65 0.42
GR: Year 2021 -0.28 0.27 -1.06 0.291 -0.80 0.24

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R2 Marginal R2 Conditional AICc

(Intercept) 0.46 0.22 2.08 0.037 * -0.01 0.87 0.44 0.42 1337.56
+C 0.21 0.17 1.24 0.215 -0.13 0.56
+N Low 0.00 0.18 -0.02 0.984 -0.35 0.33
+N High -0.04 0.18 -0.20 0.844 -0.39 0.32
GR -0.25 0.23 -1.09 0.276 -0.76 0.20
Year 2019 -0.77 0.18 -4.19 0.000 *** -1.13 -0.41
Year 2020 -0.31 0.18 -1.76 0.078 . -0.63 0.02
Year 2021 0.62 0.16 3.81 0.000 *** 0.33 0.94
Season Winter -0.03 0.16 -0.21 0.835 -0.35 0.30
Season Monsoon 0.10 0.15 0.68 0.494 -0.21 0.43
+C: GR -0.27 0.26 -1.07 0.285 -0.78 0.26
+N Low: GR 0.13 0.26 0.50 0.617 -0.37 0.64
+N High: GR 0.32 0.25 1.28 0.201 -0.17 0.82
GR: Season Winter 0.02 0.24 0.07 0.943 -0.44 0.49
GR: Season Monsoon 0.04 0.22 0.18 0.857 -0.41 0.46

MBN: Final model [(GLMM, family= gamma (link="log")]:  ~ N + Removal + Year+ 
Season+ N: Removal +  Removal: Season+ Removal: Year + (1 | plot.id)

MBC: Final model [(GLMM, family= gamma (link="log")]:  ~ N + Removal + Year+ 
Season+ N: Removal +  Removal: Season+ Removal: Year + (1 | plot.id)

MBP: Final model [(GLMM, family= tweedie (link="log")]:  ~ N + Removal + Year+ 
Season+ N: Removal +  Removal: Season+ (1 | plot.id)
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kg N ha-1 yr-1), and year (2018 - 2021). The reference level was set as the G, Ambient N treatments in 2018 and is represented by the 
intercept (highlighted in grey). Bold values indicate significant effects (95% confidence intervals that do not encompass zero). P(>|z|) 
significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1. A significant treatment: year interaction indicates that the treatment effect 
was significantly different from 2018; a non-significant treatment: year interaction means the effect in that year was the same as in 2018. 

 

Maximal model:  ~  N  * Removal * Year  +(1 | plot.id)

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R
2
 Marginal R

2
 Conditional AICc

(Intercept) 0.014 0.002 6.96 < 0.001 *** 0.0101 0.0180 0.13 0.41 -945.99
GR -0.002 0.003 -0.58 0.560 -0.0073 0.0040
Year 2019 0.008 0.002 3.39 0.001 *** 0.0034 0.0129

Year 2020 -0.001 0.002 -0.62 0.532 -0.0060 0.0031
Year 2021 0.003 0.002 1.42 0.157 -0.0013 0.0079
GR: Year 2019 -0.007 0.003 -2.00 0.045 * -0.0134 -0.0002

GR: Year 2020 -0.001 0.003 -0.22 0.828 -0.0072 0.0058
GR: Year 2021 -0.002 0.003 -0.48 0.630 -0.0081 0.0049

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R
2
 Marginal R

2
 Conditional AICc

(Intercept) 0.23 0.03 7.90 < 0.001 *** 0.16 0.28 0.19 0.52 -248.94
+C 0.02 0.03 0.53 0.598 -0.04 0.08
+N Low -0.02 0.03 -0.60 0.546 -0.08 0.04
+N High -0.03 0.03 -0.91 0.363 -0.09 0.03
GR -0.01 0.03 -0.26 0.797 -0.06 0.05
Year 2019 0.10 0.02 4.27 < 0.001 *** 0.05 0.15

Year 2020 -0.03 0.02 -1.40 0.162 -0.07 0.01
Year 2021 0.03 0.02 1.33 0.185 -0.01 0.08
GR: Year 2019 -0.07 0.03 -2.18 0.029 * -0.14 -0.01

GR: Year 2020 -0.01 0.03 -0.20 0.840 -0.07 0.05
GR: Year 2021 -0.03 0.03 -0.88 0.382 -0.09 0.03

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R
2
 Marginal R

2
 Conditional AICc

(Intercept) -4.90 0.19 -25.73 < 0.001 *** -5.28 -4.56 0.24 0.39 -1226.38
+C 0.13 0.23 0.58 0.564 -0.31 0.58
+N Low -0.27 0.23 -1.14 0.253 -0.69 0.20
+N High -0.29 0.23 -1.26 0.208 -0.75 0.17
GR -0.28 0.27 -1.04 0.299 -0.82 0.25
Year 2019 0.85 0.17 5.01 < 0.001 *** 0.53 1.18

Year 2020 0.16 0.17 0.97 0.334 -0.15 0.49
Year 2021 0.50 0.16 3.05 0.002 ** 0.16 0.81

+C: GR -0.13 0.32 -0.40 0.688 -0.71 0.51
+N Low: GR 0.31 0.33 0.94 0.348 -0.34 0.96
+N High: GR 0.44 0.32 1.36 0.173 -0.20 1.05
GR: Year 2019 -0.25 0.24 -1.03 0.301 -0.72 0.18
GR: Year 2020 0.14 0.23 0.58 0.560 -0.36 0.58
GR: Year 2021 -0.01 0.23 -0.05 0.957 -0.50 0.46

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R
2
 Marginal R

2
 Conditional AICc

(Intercept) -3.03 0.13 -23.43 < 0.001 *** -3.291 -2.771 0.23 0.42 -752.08
+C 0.02 0.15 0.13 0.896 -0.271 0.306
+N Low -0.14 0.15 -0.93 0.352 -0.446 0.144
+N High -0.09 0.15 -0.63 0.527 -0.394 0.188
GR -0.15 0.10 -1.48 0.139 -0.370 0.041
Year 2019 0.48 0.10 4.91 < 0.001 *** 0.280 0.673

Year 2020 -0.19 0.10 -2.00 0.046 * -0.384 0.005

Year 2021 0.17 0.10 1.76 0.079 . -0.012 0.365

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R
2
 Marginal R

2
 Conditional AICc

(Intercept) -4.10 0.17 -24.73 < 0.001 *** -4.43 -3.80 0.32 0.43 -1076.59
+C 0.18 0.22 0.80 0.423 -0.25 0.60
+N Low 0.75 0.23 3.34 0.001 *** 0.35 1.17

+N High -0.42 0.22 -1.90 0.058 . -0.85 0.00
GR -0.20 0.10 -2.05 0.040 * -0.38 -0.02

Year 2019 0.14 0.20 0.70 0.484 -0.27 0.57
Year 2020 -0.20 0.20 -0.96 0.335 -0.59 0.19
Year 2021 0.02 0.20 0.09 0.930 -0.38 0.44
+C Year 2019 0.11 0.29 0.38 0.708 -0.48 0.69
+N low: Year 2019 -0.60 0.30 -2.02 0.044 * -1.18 -0.08

+N high: Year 2019 0.77 0.29 2.68 0.007 ** 0.23 1.31

+C Year 2020 -0.40 0.29 -1.39 0.164 -0.99 0.15
+N low: Year 2020 -0.83 0.29 -2.86 0.004 ** -1.39 -0.27

+N high: Year 2020 0.37 0.29 1.31 0.191 -0.21 0.91
+C :Year 2021 0.01 0.29 0.03 0.978 -0.59 0.57
+N low: Year 2021 -0.83 0.29 -2.84 0.005 ** -1.42 -0.25

+N high: Year 2021 0.47 0.29 1.65 0.099 . -0.13 1.03

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R
2
 Marginal R

2
 Conditional AICc

(Intercept) -0.80 0.10 -8.04 < 0.001 *** -1.00 -0.61 0.50 0.63 -152.01
+C 0.07 0.11 0.60 0.547 -0.15 0.29
+N Low -0.03 0.11 -0.28 0.782 -0.25 0.20
+N High 0.04 0.11 0.33 0.743 -0.18 0.27
GR -0.06 0.08 -0.72 0.471 -0.21 0.10
Year 2019 0.46 0.07 6.22 < 0.001 *** 0.31 0.60

Year 2020 -0.50 0.07 -6.80 < 0.001 *** -0.64 -0.36

Year 2021 -0.37 0.07 -5.08 < 0.001 *** -0.51 -0.24

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R
2
 Marginal R

2
 Conditional AICc

(Intercept) 0.06 0.01 5.96 < 0.001 *** 0.040 0.083 0.45 0.62 -535.57
+C 0.01 0.01 0.76 0.448 -0.012 0.029
+N Low -0.01 0.01 -0.55 0.581 -0.027 0.015
+N High 0.00 0.01 0.05 0.962 -0.020 0.021
GR -0.01 0.01 -0.91 0.363 -0.033 0.011
Year 2019 0.09 0.01 9.54 < 0.001 *** 0.070 0.104

Year 2020 0.01 0.01 1.40 0.160 -0.005 0.032
Year 2021 0.01 0.01 1.12 0.262 -0.008 0.028
GR: Year 2019 -0.03 0.01 -2.22 0.027 * -0.052 -0.002

GR: Year 2020 -0.01 0.01 -0.60 0.550 -0.032 0.018
GR: Year 2021 0.00 0.01 0.05 0.961 -0.025 0.025

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R
2
 Marginal R

2
 Conditional AICc

(Intercept) -4.48 0.14 -31.11 < 0.001 *** -4.81 -4.19 0.35 0.47 -1225.67
+C 0.16 0.19 0.88 0.380 -0.21 0.56
+N Low -0.20 0.19 -1.05 0.292 -0.55 0.19
+N High -0.19 0.19 -1.04 0.301 -0.56 0.19
GR -0.30 0.19 -1.58 0.113 -0.66 0.08
Year 2019 0.34 0.10 3.50 < 0.001 *** 0.14 0.52

Year 2020 -0.38 0.10 -3.96 < 0.001 *** -0.56 -0.19

Year 2021 0.41 0.10 4.25 < 0.001 *** 0.22 0.61

+C: GR -0.09 0.26 -0.33 0.739 -0.62 0.43
+N low: GR 0.36 0.27 1.36 0.174 -0.17 0.88
+N High: GR 0.28 0.26 1.08 0.282 -0.25 0.82

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R
2
 Marginal R

2
 Conditional AICc

(Intercept) 2.72 0.16 16.83 < 0.001 *** 2.35 3.03 0.36 0.40 1282.11
+C 0.24 0.20 1.21 0.226 -0.18 0.69
+N Low -0.19 0.20 -0.93 0.355 -0.55 0.23
+N High 0.04 0.20 0.20 0.842 -0.36 0.42
GR -0.03 0.20 -0.14 0.889 -0.41 0.40
Year 2019 1.08 0.13 8.54 < 0.001 *** 0.84 1.33

Year 2020 0.69 0.13 5.40 < 0.001 *** 0.46 0.93

Year 2021 0.24 0.13 1.89 0.059 . -0.01 0.50
+C: GR -0.39 0.28 -1.38 0.167 -1.02 0.19
+N low: GR 0.10 0.29 0.36 0.720 -0.50 0.62
+N High: GR -0.05 0.28 -0.17 0.865 -0.63 0.47

Estimate Std. Error z value Pr(>|z|) Min CI Max CI R
2
 Marginal R

2
 Conditional AICc

(Intercept) 3.22 0.07 43.58 < 0.001 *** 3.08 3.36 0.55 0.65 1355.70
GR -0.04 0.08 -0.44 0.662 -0.20 0.13
Year 2019 1.18 0.08 15.21 < 0.001 *** 1.03 1.34

Year 2020 0.76 0.08 9.80 < 0.001 *** 0.61 0.92

Year 2021 0.49 0.08 6.34 < 0.001 *** 0.34 0.64

β-gluc: Final model [(LMM, family= gaussian (link="ldentity")]:  ~  N  + Removal  + Year 
+ Removal: Year + (1 | plot.id)

NAG: Final model [(GLMM, family= gamma (link="log")]: ~ N  + Removal + Year+ N: 
Year + (1 | plot.id)

β-cello: Final model  [(LMM, family= gaussian (link="ldentity")]: ~  Removal + Year+ 
Removal; Year + (1 | plot.id)

β-xylo: Final model [(GLMM, family= gamma (link="log")]: ~ N  + Removal + Year+  (1 
| plot.id)

α-gluc: Final model [(GLMM, family= gamma (link="log")]: ~ N  + Removal + Year+ N: 
Removal +  Removal: Year (1 | plot.id)

LAP: Final model [(GLMM, family= gamma (link=""log"")]: ~ N  + Removal + Year+ N: 
Removal +  Removal: Year (1 | plot.id)

Phenol: Final model [(GLMM, family= gamma (link="log")]: ~ N  + Removal + Year+ N: 
Removal + (1 | plot.id)

Perox: Final model [(GLMM, family= gamma (link="log")]: ~ N  + Removal + Year+ (1 | 
plot.id)

Phos: Final model [(LMM, family= gaussian (link="ldentity")]:  ~  N  + Removal  + Year + 
Removal: Year + (1 | plot.id)

Phos-D: Final model [(GLMM, family= gamma (link="log")]:  ~ N  + Removal + Year+ N: 
Removal +  (1 | plot.id)
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SUPPLEMENTARY FIGURES 

 

Fig. S1.1. Average summer rainfall from June to September. The red line represents the 30-year average rainfall 
(227 mm) from June to September. Annual 2018- 2021 rainfall data was acquired from BATN5 station 
http://mesowest.utah.edu. The 30-yr normal rainfall data (252 mm June- July 1981-2010) was acquired from the 
National Weather Service Cooperative Network (Station ID #: 291480-7; wrcc.dri.edu).  
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Fig. S4.1. Boxplot of total relative % plant cover (A) and Eragrostis lehmanniana relative % cover (B; Invasive 
Lovegrass site only) in a 4-year N addition manipulation experiment in the Chihuahuan Desert. Statistical 
analyses did not include 2020. Bold lowercase letters indicate significant differences between years (estimated 
marginal means, p<0.05). See the top left for significant main and interaction effects (significance codes: *** < 
0.001, ** p<0.01, * p< 0.05, . p<0.1).   
 

 

Fig. S4.2 Boxplots of community Shannon’s diversity (H, A), species richness (SR, B), C4 perennial grass H 
(C), perennial forb H (D), annual species H (E), foliar %C (F), and foliar %N (G) in a 4-year field N addition 
experiment conducted in the Chihuahuan Desert N.M. USA. H and SR analyses (A- D) did not include 2020. 
Annual species H (E) was only analyzed in 2021. Foliar %C and %N concentrations were only measured in 
2021. Bold lowercase letters indicate significant treatment effects (estimated marginal means, p<0.05). See the 
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top left for significant main and interaction effects (significance codes: *** < 0.001, ** p<0.01, * p< 0.05, . 
p<0.1).   

 
 
Fig. S4.3. Boxplots of community Shannon’s diversity (H, A), species richness (SR, B), C4 perennial grass H 
(C), perennial forb H (D) and annual plant H (E), in a 4-year field N addition experiment conducted in three 
adjacent Chihuahuan Desert grasslands. H and SR analyses (A- D) did not include 2020. Annual species H (E) 
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was only analyzed in 2021. Bold lowercase letters indicate significant treatment effects (estimated marginal 
means, p<0.05). See the top left for significant main and interaction effects (significance codes:  *** < 0.001, 
** p<0.01, * p< 0.05, . p<0.1).   
 

 
Fig. S4.4. Boxplots of soil ecosystem properties: soil pH (A) available soil nitrate (NO3

-, B), ammonium (NH4
+, 

C), phosphate (PO4
3-, D), extractable organic carbon (EOC, E), extractable total nitrogen (ETN, F), soil %OC 

(G), and soil %N (H) in a 4-year N addition experiment conducted three adjacent  Chihuahuan Desert grasslands. 
Bold lowercase letters indicate significant treatment effects (estimated marginal means, p<0.05). See the top left 
for significant main and interaction effects (significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1).   
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Fig. S4.5.Boxplots of soil microbial biomass carbon (MBC, A), soil microbial biomass nitrogen (MBN, B), 
microbial biomass phosphorus (MBP, C), in a 4-year N addition experiment conducted three adjacent 
Chihuahuan Desert grasslands. Bold lowercase letters indicate significant treatment effects (estimated marginal 
means, p<0.05). See the top left for significant main and interaction effects (Significance codes:  *** < 0.001, 
** p<0.01, * p< 0.05, . p<0.1).   
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Fig. S4.6. Boxplots of hydrolytic extracellular enzyme potentials β -D-cellobioside (β -cello, A), β-glucosidase (β-
gluc, B), α-Glucosidase (α-gluc, C), β-xylosidase (β -xylo, D), N-acetylglucosaminidase (NAG, E), leucyl 
aminopeptidase (LAP, F), acid phosphatase (Phos, G) and phosphodiesterase (Phos-D, H), and oxidative enzymes 
peroxidase (Perox, I), and phenol oxidase (Phenol, J) in a 4-year N addition experiment conducted three adjacent 
Chihuahuan Desert grasslands. See the top left for significant main and interaction effects (significance codes:  *** < 
0.001, ** p<0.01, * p< 0.05, . p<0.1). 
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Fig. S4.7.Boxplots of hydrolytic extracellular enzyme potentials β -D-cellobioside (β -cello, A), β-glucosidase 
(β-gluc, B), α-Glucosidase (α-gluc, C), β-xylosidase (β -xylo, D), N-acetylglucosaminidase (NAG, E), leucyl 
aminopeptidase (LAP, F), acid phosphatase (Phos, G) and phosphodiesterase (Phos-D, H), and oxidative 
enzymes peroxidase (Perox, I), and phenol oxidase (Phenol, J) in a 4-year N addition experiment conducted 
three adjacent Chihuahuan Desert grasslands. Bold lowercase letters indicate significant treatment effects 
(estimated marginal means, p<0.05). See the top left for significant main and interaction effects (significance 
codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1). 
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Fig. S4.8. Boxplots of initial nitrate (A; NO3
-) and ammonium (B; NH4

+) concentrations before the 30-day net 
N-mineralization, nitrification, and ammonification laboratory incubation experiment incubation. Interaction 
terms were eliminated from the model if they were not significant. Bold values indicate significance at p<0.05. 
See the top left for significant main and interaction effects (significance codes:  *** < 0.001, ** p<0.01, * p< 
0.05, . p<0.1).   
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Fig. S4.9. Boxplots of initial nitrate (A; NO3
-), ammonium (B; NH4

+), and phosphate (C; PO4
3-) concentrations 

for the 1and 24-hour laboratory incubation experiment assessing nitric oxide efflux in soils gathered from a 4-
year field N addition treatment (Ambient, +N low, and  +N high treatment plots). Initial NO3

-, NH4
+, and PO4

3- 
were assessed before the start of the incubation. See the top left for significant main and interaction effects 
(significance codes:  *** < 0.001, ** p<0.01, * p< 0.05, . p<0.1).   
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Fig. S5.1. Boxplots of hydrolytic extracellular enzyme potentials β -D-cellobioside (β -cello, a), β-glucosidase 
(β-gluc, b), α-Glucosidase (α-gluc, c), β-xylosidase (β -xylo, d), N-acetylglucosaminidase (NAG,e), leucyl 
aminopeptidase (LAP, f), acid phosphatase (Phos, g) and phosphodiesterase (Phos-D, h), and oxidative enzymes 
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peroxidase (Perox, i), and phenol oxidase (Phenol, j) in a 4-year invasive grass removal (2018 and 2019), 
recovery (2020 and 2021), and N addition manipulation experiment. Removal treatments include E. lehmanniana 
present (G), and E. lehmanniana removed (GR). Asterix above GR boxplots indicate significant differences 
between treatments relative to control in 2018 (first G on the x-axis in bold). Asterix next to G (x-axis) indicates 
a significant change in control relative to G in 2018. 
 
 

 
 

Fig. S5.2. Boxplots of hydrolytic extracellular enzyme N-acetylglucosaminidase (NAG) in a 4-year invasive 
grass removal (2018 and 2019), recovery (2020 and 2021), and N addition manipulation experiment. N addition 
treatments include Ambient N (background N deposition, ~4kg N ha-1 yr-1), C addition treatment (+C,  6g of 
sucrose), +N low treatment (+2 kg N ha-1 yr-1), and +N high treatment (+4 kg N ha-1 yr-1). Asterix above boxplots 
indicates a significant difference between treatments relative to Ambient in 2018 (first Ambient on the x-axis in 
bold).  
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